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ABSTRACT

Incorporation of low level radioactive waste in cementitious materials is an
important waste disposal technology in practice at a U.S. DOE facility, the Savannah
River Site (SRS), Aiken, SC. One of the major risk drivers, technetium (99Tc) (t1/2: 2.11
x 105 y), has been immobilized in saltstone through reductive precipitation. The saltstone
mixture is used to achieve chemical reduction of soluble TcVIIO4-(aq) into relatively
insoluble TcIV species (oxides and sulfides) via the Fe/S based compounds in the slag
component. While TcIV compounds are expected to remain stable under reducing
conditions, potential reoxidation to mobile TcVIIO4-(aq) species could result in subsurface
leaching, constituting a major concern for the long-term stability of Tc.
To assure the long term stability of Tc in cementitious waste forms (CWFs), CrVI
and/or ReVII were used as TcVII analogues to investigate: 1) the progression of oxidizing
zone in saltstone monoliths, 2) effects of artificial cement porewaters (deoxygenated
Ca(OH)2 solution at pH 12 vs. oxygenated CaCO3 solution at pH 8.5) on Cr/Re release in
field aged (< 300 days) saltstone monoliths, and 3) reduction capacity of a model Fe2+
bearing mineral (magnetite) in saltstone.
X-ray microprobe analysis indicated the heterogeneous distribution of insoluble
CrIII and soluble ReVII species in saltstone. There was no apparent trend in the release of
chromate (CrVIO42-) and perrhenate (ReVIIO4-) as a function of depth (up to few cm).
However, the chemical composition of leaching solutions seemed to affect the degree of
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Cr leaching; less Cr release was observed in Ca(OH)2 artificial cement pore waters and
enhanced Cr release in CaCO3 oxygenated pore waters.
Furthermore, the reduction kinetics of CrVI were evaluated in a model iron bearing
mineral, magnetite, as a function of pH and ionic strength (0.004 – 0.1 M NaNO3 or
Na2SO4). It was found that sorption was dependent upon pH, ionic strength, and solution
composition. Under the caustic and high nitrate or sulfate media, CrVI sorption was
greatly reduced, and the high Na2SO4 ionic strength effectively reduced the sorption
whereas no ionic strength effect was observed in the NaNO3 solutions. Time-resolved Xray absorption near edge structure spectroscopy analysis indicated that CrVI reduction was
suppressed by the formation of the CrIII and or FeIII oxyhydroxide passivation layers.
Overall, incomplete reduction of CrVI was most pronounced in alkaline solution at high
nitrate/sulfate media.
While the short-term future of saltstone Tc immobilization technology is
promising, the long-term stability of Tc stabilization technology might be dependent on
1) pore water chemistry (e.g., oxygenation, pH, and concentrations of oxyanions)
controlling solubility of Tc species, 2) heterogeneous distribution of TcIV and TcVII
species in saltstone matrix and 3) incomplete reduction of TcVII under caustic and high
ionic strength conditions.
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CHAPTER ONE
ENVIRONMENTAL CHEMISTRY OF TECHNETIUM AND RHENIUM

1.1 The Discovery of Technetium and Rhenium
The discovery of element 43 (Tc), formerly known as masurium, was officially
confirmed by Carlo Perrier and Emilio Segrè in Italy in 1937 (Johannsen and Spies,
1996). The first 97Tc isotope was found in a molybdenum foil that had been part of the
deflector in the Berkeley cyclotron in California. Technetium has existed in the nuclear
reactions of the stars long before entering our realm as the first artificially made element.
For this reason, it was named after the Greek word 'technètos' meaning artificial
(Icenhower et al., 2010). Although few variations in the number of Tc isotopes have been
reported, a total of 45 unstable radioisotopes of Tc, which have been synthesized ranging
from mass numbers of 85-117, are generally well known (Poineau et al., 2009; Shi et al.,
2011). Of all isotopes, only 97Tc, 98Tc, and 99Tc have protracted half-lives (Shi et al.,
2011). Occasionally these isotopes are incorporated into steel, which is typically
produced on a small scale and designated for special uses like inhibiting corrosion
(Stwertka, 2002). Today, it is produced and studied for its use as a radiopharmaceutical,
radioactive indicator, and its role in nuclear reactions. Technetium is a nuclear fission
decay product of both uranium (U) and plutonium (Pu), and is produced in nuclear fuel
and weapons processes.
Due to the radioactive nature of Tc, rhenium (Re) is often used as a nonradioactive chemical analogue. Rhenium is element 75, and was discovered by Bodack,
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Tacke, and Berg only shortly before Tc (Hurd, 1933). While its existence was predicted
much earlier, it was the last element to be ascertained by standard chemical methods. In
1925 it was named in honor of Rhineland by the German scientists who found it (Hurd,
1933). As the least abundant naturally occurring element, the small and diffuse amounts
of Re in the earth are responsible for its late detection. Due to this rarity, its use is
infrequent and expensive, even though it has the beneficial qualities of being refractory
and corrosion resistant (Greenwood and Earnshaw, 1997). Rhenium is most often found
in the earth within molybdenum (Mo), and naturally occurs in 37.07 % abundance as
185

Re and 62.93% 187Re (Wedepohl, 1969). The element, like Tc, occurs in

extraterrestrial environments such as within meteorites. It was found as nearly pure
grains in the Ca-Al inclusions of the meteorite Allende (Fleischer, 1978). It is often
associated with Tc as its nonradioactive chemical analogue.

1.2 General Chemistry of Technetium and Rhenium

Physical and Chemical Properties
Technetium is a transition metal found in Group VIIA of the periodic table that is
a glossy silver color when in its metal form, but is more often produced in its most
reactive forms as a sponge or powder (Greenwood and Earnshaw, 1997; Stwertka, 2002).
Unlike its neighbors niobium (Nb) and Mo, Tc has the [Kr]4d5 5s2 configuration since
one electron has transferred from the d to s subshell (Siekierski and Burgess, 2002). Due
to these higher shells, Tc has higher stability in the higher oxidation states when
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compared to other transition metals. Its oxidation states range from -I to +VII, with the
lower ones being less certain and seen less often than the upper level states, with the most
common valencies being TcVII and TcIV (Colton and Peacock, 1962). It is weakly
paramagnetic with a density of 11.5 g cm-3, standard molecular weight of 98 g/mol, and a
melting point of 2200°C.
Sharing a group of the periodic table, it is expected that the chemistry of Re is
very similar to that of Tc; including the ReVII compound perrhenate (ReO4-). Rhenium is
heavier than Tc (186.207 g/mol) but is also a silvery-grey metal that is produced
dominantly in its sponge and powder forms. Its electron configuration is [Xe]4f145d56s2
with the same range and common valencies as Tc, although ReIII is included as a stable
oxidation state, unlike Tc (Bard et al., 1985). The d orbitals of Re do not sink
energetically to the inert electron core (Greenwood and Earnshaw, 1997). These d
electrons, therefore, have a higher degree of freedom for bonding, so that Re has a greater
tendency than Tc to form compounds of higher coordination numbers. This tendency is
exemplified in the cyanide chemistry of the two elements (Peacock, 1966). In the lower
oxidation states, Re is stabilized due to the back donation of electrons from the metal to
ligand. Rhenium is isostructural with Tc with a hexagonally close packed lattice (hcp
lattice), with a density of 21.02 g/cm and a melting point of 3186°C, which is second
only to tungsten (W) (Greenwood and Earnshaw, 1997). The vapor pressure is relatively
low, but Re is known to form volatile oxides swiftly at temperatures of 550°C and higher.
The metal has many advantageous properties, such as high tensile strength, electrical
resistivity, work hardening, and resistance to creep and chemical poisoning. It is highly
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refractive and has a high modulus of elasticity at approximately 66.7 and 54 psi x 106 at 0
and 880°C, respectively (Campbell et al., 1959).
Rhenium is also geochemically analogous with manganese (Mn)-, having similar
ionic radii and electronegativity. In many textbooks, sections will focus on the chemistry
by groups, and, therefore, include analyses of Re, Tc, and Mn together (Peacock, 1966).
However, only the lower oxidation states of Tc, such as TcIII, exhibit chemistry
comparable to that of Mn (Colton and Peacock, 1962). While are there a few similarities,
the majority of the Mn chemistry is not relevant for the purposes of this review.

Isotopes
As an artificial element, the mass number of Tc can be manipulated to give many
different isotopes. Out of approximately 45 existing isotopes, the three long lived ones
are 99Tc, 97Tc, and 98Tc, with respective half-lives of 2.11 x 105 y, 2.6 x 106 y, and 4.2 x
106 y (Greenwood and Earnshaw, 1997). There is a very wide gap to the next highest
half-life of 96Tc at 4.3 days, followed by half-lives consisting of mere hours or less (Chart
of Nuclides, 2012). The isotope used in the radiopharmaceutical industry, 99mTc, is less
stable than the 99Tc form due to having more energy in its nucleus. This is the reason for
the fast decay through gamma radiation to 99Tc (Stwertka, 2002). Technetium has other
nuclear isomers that are metastable as well. For most of the heavier isotopes, the decay is
through β emission. All isotopes lighter than 98Tc will principally decay through electron
capture (Chart of Nuclides, 2012).
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Hard Soft Acid Base Theory
The chemical elements that reside on the left side of the d-block in the periodic
table tend to be hard acids in their higher oxidation states (Pearson, 1963). Transition
metals can be categorized as an acceptor (a) that is most stable when complexed with first
row ligands, or as an acceptor (b) that is most stable with the second or any subsequent
row ligands (Ahrland et al., 1973). Technetium, as well as Re, falls in the border region
between distinctly (a) acceptors and (b) acceptors, which is partially due to the numerous
oxidation states that lead to fluctuating chemistry. The higher oxidation states will have
more (a) character, which fits with the hard-hard bonding typically seen between TcVII
and first row ligands nitrogen (N), oxygen (O), or flourine (F) (Ahrland et al., 1973).
Nitrides constitute major donors in Tc complexes, and Re also forms stable complexes
with them (Baldas, 1996). Typical of the hard acid, (a) characterized Tc ions will hold
more tightly to their electrons and have empty exterior orbitals, which stand ready to
accept electrons from the π-donors N, O or F. The lower valencies will exhibit more (b)
character, due to the extra d-electrons that are available to form dative π-bonds, which
are covalent bonds where one atom provides both electrons (Ahrland et al., 1973).
Typically five electrons are required to be classified as (b) acceptors, and these delectrons stay in an outer shell and are more delocalized. Therefore, they can easily
donate electron density to ligands such as phosphorus (P), arsenic (As), sulfur (S), or I;
Tc and Re have been seen in particular to form bonds with S. Some of the hard and soft
basic ligands that will bond with Tc and Re are categorized in Table 1.1, along with
typical transition metal categories.
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The (a) and (b) classifications of Tc are in accordance with the hard soft acid base
(HSAB) theory, in which the trend of oxidation state specifies that TcVII will be harder
than TcIV. The higher valence state fits the parameters of a hard acid with its relatively
small size and high charge. It will follow the trends of hard acids, such as bonding with
halides in the preferential order of I < bromine (Br) < chlorine (Cl) < F (Juniku, 2004).
In general, harder acids are more likely to occur as oxides, silicates, and carbonates;
TcVII-TcIV chemistry is specifically dictated by multiple bonded oxo ligands. The hardhard interactions will be primarily ionic, whereas soft-soft interactions are more covalent
in nature. The electronegativity of Tc (1.9) is more characteristic of a soft acid, and in
the lower oxidation states (most likely TcIV and less) the metal can be considered to
behave more like a soft acid. As Tc becomes softer, it will adhere to softer acid
preferences and its halide preferences will then reverse. It will bond strongly with P, As,
S, seleniu (Se), carbon monoxide (CO), nitric oxide (NO), and isonitriles (Technetium:
Organometallic Chemistry, 2005). Transition metals as a whole will complex with
ligands that can offer π-back bonding, such as CO, since the resulting complex will be
stronger (Juniku, 2004).
In a review of Tc coordination chemistry, it was clear that oxygen is more likely
to bond with Tc above the TcIV oxidation date, whereas sulfur prefers TcIII,IV, and
phosphorus will center on TcIII (Tisato et al., 1994). Often the [Tc≡N]II core is studied
because it will form the soft-soft complexes by also binding with P and S, due to nitrogen
(N) acting as a strong π-donor and causing the Tc center to have soft character (Alberto,
2009). In fact, the Tc≡N bond is incredibly stable, and TcIVN complexes do not
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disproportionate in solution as is seen with the TcIVO complexes (Baldas, 1996). In the
[Tc=O]III core, where TcV is present, the corresponding ligands tend to be π-donating
thiolate ligands (Banerjee et al., 2005).
Rhenium, while heavier than Tc, has a smaller effective radius due to s shell
contraction (Köstlmeier et al., 1997). The ionic radius of Re is 77 pm while Tc is 79 pm
(Peacock, 1966). The analogue is, therefore, more compact and less polarizable when
compared to Tc. As oxyanions, pertechnetate (TcO4-) has an ionic radius slightly less
than ReO4- and a greater charge density (Zhang et al., 2000), potentially allowing more
ready access to positively charged mineral surfaces. Consequently, ReO4- can be
expected to follow the same HSAB trends as TcO4- but with a stronger and harder base
framework, and will accordingly react more readily with hard acids. In a side by side
comparison of compounds, CH3ReO3 was found to be harder than CH3TcO3; it was also
found that with CH3TcO3 the charge rearrangements can be brought about in a facile
manner while the strongly localized bonding elections of ReO2 lead to small partial
charges in CH3ReO3 and will thwart charge rearrangements (Köstlmeier et al., 1997). In
this compound, Re will retract electronic charge from surrounding ligands. It is stronger,
more reactive, and harder than Tc.
Another consideration for hard bases is the energy gap between the highest
occupied molecular orbital (HOMO) and the lowest unoccupied molecular orbital
(LUMO). A compound will be harder as the distance increases between the highest
occupied orbital and the lowest occupied orbital. The large energy gap will cause
Coulombic interactions between two hard reagents, whereas soft reagents that have
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smaller respective energy gaps will react more covalently (Köstlmeier et al., 1997).
Hardness of elements is often calculated from the HOMO-LUMO splitting. One
important facet of the HSAB is the domination of the hard-hard interactions. It is more
favorable in terms of enthalpy to form separate hard-hard and soft-soft
bonds than to form two hard-soft bonds. Therefore, hard-hard bonds are stable and
preferentially formed and soft-soft bonds occur subsequently (Huheey and Evans, 1973).
In conclusion, at the higher oxidation states (e.g., VII) of Tc, O donors are
prevalent, resulting in the formation of TcO4- (Bandoli et al., 2006). At lower oxidation
states (IV) the core is softer and will prefer soft base ligands as donors (Bandoli et al.,
2006). It may also have an intermediate, TcV, that has been seen coordinated to soft
sulfur and hard oxygen and nitrogen donors in the same complex (1-Oxo-2,3,6-(Dpenicillaminato-N,S,O)-4,5-(D-penicillaminato-N,S)-TcV) (Buda et al., 2002). While
neither Tc nor Re have yet to be explicitly defined in HSAB categories, their behavior
tends to be harder as the oxidation state increases.

Solid Compounds
Among the many compounds of Re, the principally important ones include
perrhenic acid, ammonium perrhenate, potassium perrhenate, oxides, sulfides, and halides
(Campbell et al., 1959). It will not form stable carbides or succumb to attack from
molten tin (Sn), zinc (Zn), silver (Ag), or copper (Cu).
Both pertechnetic (HTcO4) and perrhenic (HReO4) acids are very strong acids
with a Ka of ~108 and a strong tendency to form M2O7 species (Rulfs et al., 1967).
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Furthermore, Re has a meso form (H3ReO5). Rhenium has five oxides, Re2O7, ReO3,
Re2O5, ReO2, and Re2O3, while Tc has two stable oxides, Tc2O7 and TcO2, although the
existence of TcO3 is variable (Greenwood and Earnshaw, 1997; Kim and Boulègue,
2003).
Rhenium oxides are known to have more covalent character. When either of the
two metals is burned in an aerobic environment, the M2O7 oxides are formed. The
heptoxides will form the strong acids of HMO4 upon dissolution in water. The two
heptoxides are volatile, yet ReO3 is inert. Technetium heptaoxide is nonconducting as a
liquid and conducting as a solid, while the Re heptaoxide has the opposite chemistry.
The Tc2O7 compound is also a stronger oxidizing agent and has a larger breadth in its
liquid state than Re2O7 (Colton and Peacock, 1962). Both MO2 oxides have distorted
rutile structures, but the TcIV oxide is the most stable, as ReO2 will disproportionate
under the right conditions (Greenwood and Earnshaw, 1997). In the absence of water
TcO2 will form; otherwise the compound will undergo hydrolysis. Oxyanions include the
tetrahedral MO4- compounds, pertechnetate and perrhenate, which provide a foundation
for most of Tc and Re chemistry. They tend to be stable and colorless in alkaline
solution.
The formation of sulfides is less common than the metal oxide formations, but
does tend to occur at the lower oxidation states. Both elements will form MS2 and M2S7,
while Re will also form ReS3 (Peacock, 1966). The isostructural MS2 compounds have
monoatomic S2- units and trigonal prismatic coordination of the metal in a layer lattice
structure (Greenwood and Earnshaw, 1997). In alkaline OH-, S, HCl, and sulfuric acid
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solutions the disulfides are insoluble. They will oxidize to the per-acids in the presence
of nitric acid (Peacock, 1966). A trend among transition metal sulfides is that a low
sulfur-metal ratio is likely to indicate a greater thermodynamic stability. Therefore,
compounds such as Re2S7 will lose sulfur at higher temperatures (Schwarz et al., 2004).
Both heptasulfides are dark materials that will dissociate to the disulfide species and S
upon heating and dissolve in nitric acid, bromine water, and H2O2 (Peacock, 1966).
Rhenium heptasulfide will form ReF7 due to attack by fluorine. A water soluble
Re2S3Cl4 species is also known. The elements Mo and W show similarity to Tc and Re in
the character of their sulfides (Peacock, 1966).
Technetium shows similarity to Re in reactions with halides, this is most likely
due to greater radial magnitude of the 4d and 5d Re and Tc orbitals, giving more effectual
orbital overlap (Siekierski and Burgess, 2002). As previously mentioned, Re is more
capable of forming higher oxidation states then Tc, and has a greater variety of halide
chemistry as demonstrated by the following compounds: ReF7, ReF6, ReF5, ReF4, ReCl6,
ReCl5, ReCl4, [ReCl3]3, ReBr5, ReBr4, [ReBr3]3, ReI4, [ReI3]3. In comparison, Tc will
form TcF6, TcF5, TcCl6, TcCl4, and possibly TcBr4. In fact, ReF7 is the only stable
heptahalide in the transition metals (Siekierski and Burgess, 2002). Both elements will
burn in F and react with Cl to give their respective chemical compounds. Some of the
notable differences are that Tc does not form a stable heptaflouride or pentachloride; and
the TcF5 compound is more stable than its Re analog while the TcCl6 is less stable
(Peacock, 1966). While the Tc and Re halides also show similarity to the Mo and W
halides, they are less reactive in comparison, due to an unoccupied orbital in MX62- (M=
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Mo, W and X= halides) complexes that causes higher susceptibility to attack (Peacock,
1966). In all elements of Group 7 the non-bonding orbital has a 3rd unpaired electron in
MX62- (M= Mn, Tc, Re and X= halides) species, and thus will exhibit constrained
chemistry. Oxohalides such as , TcO3F, ReOCl4, MO3Cl, ReO3Br, ReOBr4, and TcOBr3
are also known to form (Rulfs et al., 1967). Rhenium will form complex halides such as
M2ReX6 (M= alkali and X= Cl, Br, I), which are only slightly less important and
accessible than the perrhenates. A complex halide of TcIV is K2TcX6 (X=F, Cl, Br, I)
(Colton and Peacock, 1962). Rhenium will also form nitride flourines.
Some secondary compounds of Tc and Re include the hydrides, MH92-, which are
distinctive among transition metal chemistry due to isolation of ion metal-to-hydrogen
bonds in aqueous solutions (Peacock, 1966). Complex hydrides of both metals exist in
solutions that are acidic and alkaline. Rhenium also forms several borides, and there are
many Re alloys for which the chemistry is unidentified due to the commercial purposes.
In its highest valency Tc will form MTcO4 (M=K+, NHIV, Cs+, Ph4As+, etc) compounds,
and with decreasing valency, Tc will bond with carbon monoxide (Colton and Peacock,
1962). Due to the high availability of d orbitals in both Tc and Re, there is extensive
organometallic chemistry that is covered elsewhere (Deutsch et al., 1983; Peacock, 1966;
Rochon, 2011).
While compounds such as Re(CO)5, CH3ReO3, and Re(CH3)6 are commonly
studied, it is not a focus of this review (Peacock, 1966; Santonen and Aitio, 2001).
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Coordination Complexes
In terms of Tc aqueous complexes, the most common are formed with N, P, S,
and halides. In accordance with the HSAB theory, phosphates and carbonates tend to
strongly complex both TcIII and TcIV, while sulfate complexes at such valencies are
weakly described (Paquette et al., 1980). Structurally, most complexes may have
coordination numbers (CN) between 4 and 7, allowing tetrahedral, tetragonal pyramidal,
octahedral, capped octahedral, or pentagonal bipyramidal geometry (Hjelstuen, 1995).
The common CN of both Tc and Re include 4 and 6, while Re has several compounds of
CN 8 (Peacock, 1966).
Technetium oxo ligands, with the poorer metal-oxo bond strengths typical of
second-row transition metals, will react more readily with phosphorus pentahalides and
trimethylsilylhalides than the analogous Re oxo ligands (Shuh et al., 2000). For metals
ions of the same oxidation state, the ligand substitution rate will be faster with larger ion
size, indicating a faster substitution rate for Re over Tc (Buda et al., 2002). This was
demonstrated in one study using metal coordinated 1,2-bis(dimethylphosphino)ethane
(DMPE) complexes such as [M(DMPE)3]+/II, where the self-exchange rate of the Re
couple was two times faster compared to Tc (Libson et al., 1988). This was attributed to
the smaller structural distortions encountered by the Re inner-sphere coordination
complex, allowing more inner-sphere electron transfer than the Tc complex. These
ligand substitution rates are also shown to increase with lower oxidation state for similar
sized metal ions. In designing Tc radiopharmaceuticals, the complex should be inert to
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ligand substitution to retain the specific biological character once injected (Deutsch and
Hirth, 1987). A reaction often undergone in the preparation is shown in Equation (eq.) 1:
TcL6+ + P = TcL6-P+

(1)

In the reaction, an outer-sphere type reaction is occurring with the Tc metal center and
the coordinating protein, while the Tc-L (L: ligand) bonds remain unbroken. TcI
complexes have acted according to eq. 1 in reactions with human plasma.
The stability of Tc complexes is suggested in order of TcV >> TcII > TcIII > TcIV >
TcI, which is observed in the complexation chemistry of radiopharmaceuticals (Paquette
et al., 1980). The MV oxidation state is the best known for pharmaceutical importance.
This includes the halides and oxohalides, with the [M-O]III moiety and the M≡N bond
being quite significant. In nuclear medicine, a ternary ligand system has been
investigated as relevant to the Tc radiopharmaceutical reactions in the human body. The
ligand preference of the phosphine monosulfonated triphenylphosphane (TPPMS) over
the amino acid tricine may hold implications for Tc bonding preferences. TPPMS has
only one benzene ring with an electron withdrawing sulfonato group, which focuses
electron density on the phosphine donor atom. Other compounds that have sulfonato
groups on more than one benzene ring, such as trisodium triphenylphosphine-3,3',3"trisulfonate (TPPTS) and disodium triphenylphosphine-3,3'-disulfona (TPPDS), have less
electron density and therefore less σ-donating capability. With higher σ-donating
capacity comes the higher potential for bonds with the Tc metal (Edwards et al., 1997).
In the MIV state the element is transitioning from the tendency to form oxo compounds, to
the prevalence of the M-M bonding in the lower oxidation states.
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In ReIV ligand exchange chemistry, the Re complexes are less labile than the Tc
complexes (Omori, 1996). RheniumV is a more soft core and forms oxo-complexes, but
the rate of substitution is lower than with the TcV oxo-complexes (Johannsen and Spies,
1996).

When comparing oxygen exchange of ReVII and TcVII complexes, Re had a

higher exchange rate constant; indicating the coordination number of ReO4- can increase
from 4 to 6 with more ease than Tc (Omori, 1996).
Technetium is expected to complex more strongly with organic ligands than with
inorganic ones. Two of the strongest Tc chelating agents include citrate and cysteine,
although Tc will also form complexes with humic acid when pertechnetate is reduced by
SnII in the presence of humic acid (Omori, 1996; Paquette et al., 1980). This reaction
yields TcIV-O(OH)2 and TcIII-HA, of which the second will decompose to pertechnetate at
high pH values.

Solubility of Oxides and Sulfides
Due to the multivalent nature of Tc and Re, their speciation in aqueous systems
must be described using oxidation-reduction, hydrolysis, and complexation equilibria, as
well as kinetic processes such as colloid formation and polymerization (Paquette et al.,
1980). However, the pertechnetate ion, which is of interest for nuclear waste
remediation, is not subject to either hydrolysis or complexation. The pertechnetate ion is
soluble at approximately 11 mol/L and remains stable in solution over a wide pH range
(Icenhower et al., 2010). There are three low solubility compounds of Tc that are
environmentally relevant: TcO2∙nH2O, TcS2, and co-precipitates of iron (oxy)hydroxides
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(Um et al., 2011). The solubility of TcIV is approximately 3.08 x 10-9 mol/L, which is
significantly less than TcVII yet still above the allowable concentration of drinking water
(Icenhower et al., 2010). The dominant form of Re in solution is the stable perrhenate
anion ReO4- (Dolor, 2005). However, Re can also form lower valency ReO2∙nH2O and
ReS2 species.
Under anoxic conditions, the solubility and mobility of Tc could be driven by the
dissolution of TcO2 ∙ H2O species. Rhenium oxides have been compared to Tc under
similar conditions of radioactive waste storage (Kim and Boulègue, 2003). Perrhenate
has a more robust solubility compared to ReO2, which has a solubility of 4×10−7-10−6
mol/L. The complete dissolution of Re heptaoxide in anoxic conditions occurs according
eq. 2, while the dissolution of Re dioxide occurs according to eq. 3:
Re2O7(cr) + H2O(l) ↔ 2ReO4− + 2H+

(2)

ReO2(cr) + H2O(l) ↔ ReO(OH)2(aq)

(3)

The solubility of ReO2 does not seem to be dependent on pH or the presence of oxygen.
The formation of a neutral species and the beginning of ReO(OH)3- formation are both
consistent with analogous Tc behavior (Kim and Boulègue, 2003). Some ReO4- may also
form, which occurs with the Tc analogues even in anoxic environments.
For Re2O3, the range of anoxic solubility is smaller (8-12 x 10-6 mol/L) compared
to the range of solubility under oxidizing conditions (3-91 x 10-6 mol/L) due to the
formation of perrhenate (Kim and Boulègue, 2003). The solubility of Re2O3 is slightly
higher at pH 9 and 10, compared to pH values between 2 and 8. The mechanism for
Re2O3 dissolution has been proposed according to eq. 4:

15

Re2O3(s) + 3H2O(l) ⇔ 2ReO(OH)2(aq) +H2(g)

(4)

This mechanism is likely if the secondary formation of ReO2 is inhibited, either by
colloid formation or polymerization of ReIV, which is possible as the species TcO(OH)2
has been observed to undergo dimerization. The nature of Re2O3 is metastable; and
therefore, many dissolved species at differing oxidation states are expected. The
solubility results Kim and coworker (2003) enabled the creation of a new Eh-pH diagram
with a greater area of stability for the ReO2 species. The Re diagram (Kim and Boulègue,
2003) is akin to that of Tc (Puigdomènech and Bruno, 1995) and is further evidence for
the analogous use of Re . However, the presence of a ReIII species implied that TcIII may
be present in waste materials, and the resultant oxidation to TcO(OH)2 is possible, which
would promote dissolution and potential leakage from the waste form.
The aqueous dissolution of Re sulfides has been studied in NaOH solutions in the
presence of oxygen (Ospanov and Sultanbaeva, 1983). Both Re2S7 and ReS2 will
dissolve to the perrhenate ion according to eq.5 and eq. 6, but the Re2S7 dissolution is
most favorable:
Re2S7 + 14O2 + 16OH- → 2ReO4- + 7SO42- + 8H2O

(5)

2ReS2 + 9.5O2 + 10OH- → 2ReO4- + 4SO42- + 5H2O

(6)

Higher ReO4- concentrations are seen with increasing NaOH concentrations, with the rate
initially proceeding quickly and declining after 30 min (Ospanov and Sultanbaeva, 1983).
If sulfide oxidation is incomplete, the thiosulfate ion S2O32- will form. The mechanism
for sulfide oxidation is complex, and the Re hepta- and disulfide species will,
respectively, form Re2O7(OH)+ and ReO2(OH)+ as intermediates before forming
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perrhenate. The dissolution rate is, therefore, a function of available hydroxide ions and
is independent of oxygen concentration. The dissolution process was shown to not be
diffusion-controlled (Ospanov and Sultanbaeva, 1983). The overall kinetic reaction is a
first order reaction in relation to Re in solution. In neutral solutions with oxygen, Re
sulfides were found to form perrhenic acid and H2SO4.
Another investigation studied the formation of thioperrhenates at pH 6.79 (Dolor,
2005). The starting materials were NaReO4 and NH3-H2O, deoxygenated and bubbled
with H2S gas for 15.5 h. The species formed were ReS4, ReO4, and ReO3S, in increasing
order of concentration, after 35 h. Two intermediate species were formed, ReO2S2- and
ReOS3-, but were either present in very small concentrations and/or unstable. Dolor
(2005) concluded that ReS4- forms from successive replacement of the oxygen atoms by
sulfur atoms in perrhenate.
Technetium metal will dissolve in acidic, readily oxidizing solutions such as nitric
acid, aqua regia, and sulfuric acid, but not hydrochloric acid, hydrofluoric acid, or
ammonical hydrogen peroxide (Shi et al., 2011; Wahl and Bonner, 1951). Rhenium, as a
sponge or powder, also will dissolve in acidic, oxidizing solutions and remain insoluble
with hydrofluoric acid and hydrochloric acid (Greenwood and Earnshaw, 1997). Unlike
Tc, Re will dissolve in hydrogen peroxide-ammonium hydroxide, or hydrogen peroxide
(Wahl and Bonner, 1951). Perrhenic acid is known to attack metals, metal oxides,
carbonates, and hydroxides.
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1.3 Geologic Occurrence and Productions

Technetium
The generation of Tc may occur naturally, but the overwhelming majority is from
man-made production. In nature, Tc could form due to spontaneous fission of 238U,
neutron induced fission of 235U, or cosmic ray reactions with Mo, ruthenium (Ru), and
Nb within the earth’s crust (Shi et al., 2011). These various formations may have
produced about 60 pBq of Tc, but a negligible amount is at the surface level. Several
millenniums ago, the Oklo reactors in Gabon, Africa, served as a naturally occurring
point source for Tc. These self-sustaining fission reactors may have produced 73 kg Tc,
which has now nearly completely decayed to 99Ru (Icenhower et al., 2010; Yoshihara,
1996). While 97Tc and 98Tc isotopes can form when neutrons undergo activation
reactions, these isotopes are not environmentally significant. Since all Tc isotopes are
unstable, environmental research focuses on 99Tc because of its sustained half-life and
presence.
Environmental accruement of Tc is due to anthropogenic production and release
from three sources: nuclear power plants (Icenhower et al., 2010; Shi et al., 2011;
Vandergraaf et al., 1984), global weapons (Momoshima et al., 1995; Momoshima et al.,
2005), and medical applications (Johannsen and Spies, 1996; Jurisson et al., 2004;
Volkert and Jurisson, 1996). In nuclear power plants, Tc is produced by nuclear fission
of 235U or 239Pu with a 6% yield for Tc, resulting in the generation of 1 kg Tc per ton of
expended enriched uranium fuel (Icenhower et al., 2010; Ihsanullah, 1993). At this rate,
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15.1 metric tonnes of Tc were produced during 2007, and such values will increase
proportionally with energy use (Shi et al., 2011). The most recent estimate in 2010 of the
total Tc from nuclear power plants is 305 tonnes (Shi et al., 2011). The formation of Tc
during testing and detonation of nuclear weapons is primarily by fission of 235U or 239Pu.
Lastly, medical applications use neutron or deuteron activation of 99Mo to create 99mTc
(t1/2 = 6 hr.), which is used in radiopharmaceuticals prior forming its decay product, 99Tc
(Holm, 1993).
While Tc is manufactured in many different ways, only nuclear reprocessing
plants, nuclear weapons testing and nuclear accidents release noteworthy levels of 99Tc
into the environment (Shi et al., 2011). Nuclear power plants, in spite of rising
production levels, are only responsible for 0.01 TBq of Tc release (Shi et al., 2011). The
greatest release of Tc to the environment happens at nuclear reprocessing facilities, where
nuclear fuel rods are sent for disposal. Technetium, among other radioelements, must be
removed from the void spaces inside the fuel rods. The portion of TcIV in the waste is reirradiated to achieve a soluble form of Tc as TcO4-. The amount of Tc removed from the
fuel rods and put into a high level waste stream is 97 out of 100Ci; the rest remains in the
reprocessed fuel stock (Icenhower et al., 2010). Other radionuclides in the waste form,
such as neptunium (237Np) and iodine (129I), are of less concern in comparison to Tc
because of its the mobile and long-lived nature . While there are many nuclear
reprocessing plants, the influx of TcO4- into the atmosphere occurs primarily at Sellafield
(UK), La Hague and Marcoule (France), Mayak (Russia), Kalpakkam (India), Rokkasho
(Japan), and Hanford and Savannah River Sites (USA). The Sellafield and La Hague
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reprocessing plants serve as the major point sources, releasing approximately 1874 TBq
Tc into the environment through the year 2009, whereas comparatively the release from
medical services globally has been estimated at less than 0.02 TBq through 2010 (Shi et
al., 2011). At the Hanford site there are four sizable Tc plumes due to waste tank leakage
with 1.48 GBq (1 TBq = 1000 GBq) of TcO4- expected to reach the Columbia River in
the imminent years (Fredrickson et al., 2004). Levels of Tc released into the environment
from nuclear weapons testing are estimated to be as high as 140 TBq (Aarkrog et al.,
1986), and are primarily judged to travel from the atmosphere and deposit on sediments.
Most testing occurred in the northern hemisphere starting in the 1950s; however, this
testing was banned in 1963, with concentration levels of 99Tc in rainwater showing a
continual decrease afterwards. Technetium has also been released from nuclear accidents
in Chernobyl (0.75 TBq) and Fukushima (0.25 TBq), but these occurrences have had a
greater effect on the local area than on global Tc influence (Shi et al., 2011). These facts
combine to elevate Tc to one of the principal nuclear wastes throughout the world.
Once Tc is released into the environment, it will rarely be found in a valency
other than TcIV or TcVII (Shi et al., 2011; Tagami, 2003). As TcO4- is released, the TcVII
oxidation state will continue to dominate in natural aqueous systems and generally
oxidizing conditions. While TcO4- has a high dissolution rate and stability in water, the
compound Tc2O7 may form in the environment under anhydrous conditions and when
TcVII exists in high concentrations. Various circumstances of reduction, such as
waterlogged areas or soils high in microbial activity, will yield TcIV as the most stable
state, which would lead to TcO2 or TcO2∙xH2O compounds.
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Rhenium
Rhenium has been found to occur naturally as sulfides, oxides, and as a trace
element within Mo and other elements. In the environment, ReIV centered minerals are
most often found. The vast majority of Re recovered from the earth occurs within the Mo
concentrates that often accompany porphyry copper deposits, and is obtained by roasting
the Mo concentrates (Geological Survey, 2012). Deposits of Re have been investigated
in Cu, Mo, Ni, and Platinum Group Element (PGE) formations. The influences of the Re
content of different rock deposits range from rock composition and sources, the presence
of Mo, and physicochemical states of ore formation, with Re content increasing
according to depth from the earth’s crust and the presence of (ultra-)mafic rocks
(Voudouris et al., 2009).
Sulfides
Rhenium sulfide is a rare mineral that belongs to the triclinic pinacoidal class and
is often found in Russia and Mongolia (Berzina et al., 2005). The most pure naturally
occurring Re sulfide, was found in the Kudriavy volcano in 1994 (Korzhinsky et al.,
1994). Recovering this mineral was significant as it constitutes the only mineral with Re
as the sole cationic species, and the first macroscopic mineralization of Re. The mineral
was soft, white-grey, metallic, and flaky with a very high density. The volcanic gases,
through unknown mechanisms, highly enrich Re in volcanic sublimates and deposit
several grams per day. The composition is determined to be intermediate between ReS2
(rheniite) and Re2S3. Rheniite associated with quartz veins has also been found in Greece
(Voudouris et al., 2009).
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The ReIV mineral tarkianite ((Cu,Fe)(Re,Mo)4S8) was found at several PGE
mining sites in the world (Kojonen et al., 2004). Although there are slight variations in
the chemical stoichiometry of the mineral collected at different localities, they all occur
within sulfide concentrates. At the Hitura, Ni-Cu-PGE mine in Nivala, Finland, the
micron sized grains were often present with pentlandite ((Fe,Ni)9S8) and sperrylite
(PtAs2), among other minerals, and the ideal general formula was designated as (Cu, Fe,
Co, Ni) (Re, Mo, Os)4S8 (Kojonen et al., 2004b). At other mining sites in Canada and
Montana, sulfur containing pyrrhotite (Fe(1-x)S, x = 0 to 0.2) tends to trap ReIV sulfides,
resulting in the formation of (Re, Mo, Fe, Cu)2S3 and (Cu, Fe, Ni)(Mo, Re)4S8 (Mitchell
et al., 1989; Volborth et al., 1986). A similar mineral, dzhezkaxgnite, was reported in
1962 within cupriferous (CuReS4) sandstone deposits in Kazakhstan, U.S.S.R. (Terada et
al., 1971). The mineral is believed to include Re-Mo-Cu sulfides, as are other specimens
found in Karelia (Finland) and Sweden (Voudouris et al., 2009).
Several other Re sulfide compounds were also found in trace quantities within
PGE containing minerals. Rheniite often occurs within pyrrhotite at a Cu-(PGE) mine in
northwestern Ontario, Canada (Mitchell et al., 1989). It was characterized as (Re,
Mo)2S3, but two other formulas were suggested including (Re, Mo, Fe, Cu)2S3 or Re(Mo,
Cu,Fe)S3. Another ReS2 specimen was found in Pd-Pt minerals in Montana (Volborth et
al., 1986). Micron sized grains were associated with an aggregate pentlandite-pyrrhotite,
which was surrounded by graphite-rich coarse pyroxenite. The occurrence of ReS2
minerals within molybdenite crystals has been reported in Hirase, Japan (Terada et al.,
1971).
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Oxides
It has been theorized that Re2O7 is naturally occurring within a U deposit of the
Sun Valley Mine in Arizona (Petersen et al., 1959). It is also expected to be present as
HReO4 if the heptaoxide encounters water. In the Arizona deposit, Re oxides make up
0.005 to 0.1 % by wt. of samples analyzed.
Re as a Trace Element within Mo and other Minerals
Molybdenite (MoS2) crystals with high Re content (as much as µg/kg) have the
common two-layered hexagonal (2H) structure, where Re can be readily substituted for
Mo (Voudouris et al., 2009). Higher than normal concentrations of Re have been
reported in northern Greece in Cu(-Mo) deposits as well as Cu and Cu-Ni deposits of the
USSR, and sublimates of the Kudriavy (Russia), Mt. Merapi (Indonesia), Momotombo
(Nicaragua), Mt. St. Helens (U.S.), Kudryavy and Mt. Usu (Japan) volcanoes (Voudouris
et al., 2009). The relationship between Re content of molybdenites is specified as higher
content with lower deposition temperature and higher association with volcanic sublimate
occurrences of Mo (Terada et al., 1971) In addition to Mo, some typical ores where Re
may be present as a trace element include columbite (FeNb2O6), gadolinite
((Ce,La,Nd,Y)2FeBe2Si2O10), and platinum ores (Miller et al., 2011). Rhenium is also
found as a trace element within metal sulfide minerals such as FeS2, CuFeS2, and AsFeS
(Miller et al., 2011).
In the Pagoni Rachi prospect in Greece, deposits of Re-rich Mo have been found
in quartz-magnetite veins, with up to 4.7 wt.% Re (Voudouris et al., 2009). Rheniite was
also found to occur in Pagoni Rachi, with an interfinger arrangement within Mo, as well
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as on grain boundaries and in the quartz matrix. In some places, such as the Kudriavy
volcano, rheniite grains had as little as 0.13 wt% Mo (Voudouris et al., 2009). Studies
have attributed the high Re content in the Pagoni Rachi to supersaturated ReS2 levels in
hydrothermal fluids, with increased levels of salinity as Re is strongly dependent on Cl
concentrations (Voudouris et al., 2009). It is suggested that the mixing of an oxidized
Re-Cl group with a reduced sulfur and Cl is one mechanism for Re deposition in the
porphyry system.
While most Re is associated with Mo in natural minerals, there are occurrences of
Re associated with other mineral formations, including U and tungsten (W) (Fleischer,
1959; Fleischer, 1978; Petersen et al., 1959). The distribution of Re enrichment in
sedimentary rocks from the Sun Valley U Mine in Colorado has been found to correlate
with U content, and possibly Pb and Zn. Small amounts of metallic Re (mg/kg) exist
within wolframites ((Fe,Mn)WO4) in Transbaikal, Russia, and in scheelite (CaWO4). It
has been concluded that late stage pegmatitic solutions and hydrothermal ore-forming
solutions are likely to concentrate Re.

Ore Processing for Rhenium Production
In the United States, Re was not widely commercially processed until the 1950s
(Emsley, 2003). Today, Re is mined from ores in Arizona, Montana, and Utah. The Mo
concentrates are roasted at 650°C to achieve the Mo oxide, with Re forming R2O7 at
350°C which will first volatize and then sublime. The sublimed Re may then be
recovered, as dust, from the roaster flues (Churchward and Rosenbaum, 1963). The Re
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available within the U.S. resources is estimated to be ~5 million kg, compared to a
cumulative 6 million kg in the rest of the world (Geological Survey, 2012). Outside of
the U.S., Re is mined from Cu-Mo cores in Canada, Chile, Mexico, Peru, and correlated
with Cu mineral deposits in Armenia, Russia, and Uzbekistand (Metals and Minerals,
2011). Russia, amid a reduced economic supply level of Re, has identified a potential
resource of Re in S-Re mineralization at the Kudriavy Volcano. Calculations indicated
that 16-90 kg/yr may be emitted from its fumarole fields (Kremenetsky and Chaplygin,
2010). Rhenium has been extracted from fumarole gases using zeolite, and it has been
estimated that 36.7 t/yr of Re may be obtainable from such gases (Kremenetsky and
Chaplygin, 2010). Rhenium may also be recovered from roasting in the form of oxides,
sulfides, halides, or perrhenates, and then undergo hydrogen reduction to prepare the
metal for commercial purposes. Rhenium is often used as a superalloy or catalyst in high
temperature engines, and alloys are also used for electromagnets, semiconductors,
thermocouples, etc. (Metals and Minerals, 2011).

1.4 Distribution of Technetium and Rhenium in the Environment
Ninety percent of the worldwide quantity of Tc in the environment exists as 99Tc
with a half-life of 2.11 x 105 yr (Johannsen and Spies, 1996). Technetium exists
throughout the earth in bodies of water, the atmosphere, sediment, plants, and various
forms of marine wildlife and vegetation. However, it has only been found in high
concentrations in areas that have experienced direct contamination from point sources,
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such as intentional, regulated discharges from nuclear fuel reprocessing plants (Shi et al.,
2011).
As the pertechnetate anion, Tc in oxic environments is considered a conservative
radionuclide, meaning that it is not reactive with suspended particulates in the water
column, and its high solubility facilitates the transport process in aquatic environments
(Momoshima et al., 2005). There has been a high discharge of Tc (~5 x 105 mBq/m3)
into the Irish Sea from the Sellafield nuclear fuel reprocessing plant and likewise into the
English Channel from La Hague. The Tc activity rapidly diminishes to 0.49-3.03
mBq/m3 as distance increases from discharge points to the Pacific Ocean (Momoshima et
al., 2005). For reference, the maximum contaminant level (MCL) of Tc is 33.3 mB/m3
(EPA, 2002). The average oceanic Tc activity in the vicinity of Japan has been measured
~ 1 mBq/m3, while the upper range of activity (3.03 mBq/m3) is due to a measurement in
the Great Barrier Reef of Australia (Momoshima et al., 2005). While the authors have no
explanation for this high value, it is known that the presence of carbonate, which is a
component of coral, is linked to soluble TcIV carbonate complexes (Wildung et al., 2000).
Unfortunately, there are no studies available for further Tc data in the Australian region;
more studies are necessary. Technetium also enters the waste water as a decay product of
99m

Tc, which is employed in various pharmaceutical compounds, the international

consumption of 99mTc was 5550 TBq in the year 1999; of which the decay product is 99Tc
(Jurisson et al., 2004).
In the atmosphere, Tc has a residence time of 1.62 years, and levels as high as 0.1
mBq/L have been recorded (Shi et al., 2011; Yoshihara, 1996). The level of Tc in the
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soil is generally higher than the atmospheric level. In Japanese soils, Tc has been
recorded as 4-88 mBq/kg (Tagami and Uchida, 2002) while a higher level of 14,900
mBq/kg (Kuwabara et al., 1999) was recorded in soils close to the Sellafield nuclear
reprocessing plant. Since most of mineral surfaces in soils are negatively charged at
environmentally relevant pH levels (4-8.5), pertechnetate becomes mobile and is readily
transported in subsurface environments (Icenhower et al., 2010). The soil-rice plant
system in Japan has been particularly studied because of the elevated global fallout
deposition on soils in that area (Momoshima et al., 2005; Tagami, 2003). In paddy fields
and upland fields throughout Japan, Tc is reported from <3.6-110 mBq/kg and this
presence is primarily attributed to atmospheric nuclear weapon tests (Tagami, 2003).
Several proposed scenarios exist for conduits of Tc fixation in soils, which will be
discussed below in the section on Tc sorption. Nonetheless, the pertechnetate anion is
considered to have a high transfer factor (concentration ratio of plant:soil) from soil and
sediment to plants, leading to a range of suggested concentration factors of 8.1 to 2600
for Tc (International Atomic Energy Agency, 1994; Omori, 1996; Paquette et al., 1980;
Tagami, 2003). Trees are considered the major above-ground pool for Tc; the
concentration increases according to plant growth and is more significant in the tree
wood and leaves (Omori, 1996). Pertechnetate travels into leaves via water transport
within the plant system, and will reach higher concentrations as transpiration occurs.
Auxiliary uptake trends have been observed in lichen, cabbage, leek, onions, and
potatoes, with the amount of Tc recorded in lichen being nearly the same as the level
found in reindeer (Omori, 1996; Shi et al., 2011). A concern is that Tc will travel the
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food chain and humans may receive a resultant dose of radiation. However, some plants
are particularly sensitive to Tc toxicity, such as soybean plants, and this could limit the
transfer of Tc to humans from plants. The soybean specimens were killed at 10 µg/g Tc
uptake levels from 0.1 µg/g of Tc contamination in soil (Wildung et al., 1974). In
addition, the transfer factor from plant to beef in the food chain may be as low as 8.7 x
10-3 (Ng et al., 1979), and the short biological half-life of Tc could also prevent
biomagnification. The transfer factor represents ratio of the Tc concentration in the two
departments (e.g.,plant and beef). While consumption of radioactive material is known to
increase cancer or otherwise harm health, the most specific information gather for Tc
consumption by man is the tendency of Tc to accumulate in the thyroid.
Various sources of aquatic plants and marine wildlife have also been tested for Tc
bioaccumulation, showing seaweed and lobsters as both having a tendency to accumulate
the radionuclide (Shi et al., 2011). The radioactive waste discharge of reprocessing
facilities is a known point source causing the Tc bioaccumulation in brown algae.
Although there are some variations in species, it is known that several types of seaweed
in Japan, including Fucus vesiculosus, Fucus serratus, and Sargassum thunbergii, can
effectively uptake Tc from seawater (Yoshihara, 1996).
Unlike Tc, Re is not discharged from nuclear reprocessing plants. Instead, the Re
input to the oceans is transported by weathering of the continental crust, and only 30% of
Re is attributed to anthropogenic sources. Such sources include fuel processing catalysts
(Davenport et al., 1968), brake liners (Meisel and Stotter, 2007), jet engines, and the
roasting of molybdenum (Geological Survey, 2012). Rhenium has been shown to
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concentrate at high values in the first meter of topsoil adjacent to the roadway. The
typical Re concentration in soils is 0.4 ng/g, although there have been measurements as
high as 4.77 ng/g in Japanese soils (Tagami and Uchida, 2008). The concentration of Re
is conservative throughout water masses and has been recorded at levels close to 40
pmol/kg in seawater (Dolor, 2005; Miller et al., 2011). In the ocean, Re has a residence
time of approximately 750,000 y (Colodner et al., 1993), suggesting conservative
behavior. However, once possible sink of Re is hydrothermal vents at the ocean floor, as
ReIV complexes are found in chloride-bearing solutions (Xiong and Wood, 1999). It is
also expected that in the presence of sulfur the precipitation of ReS2 could also serve as
an oceanic sink (Xiong and Wood, 2002). This removal is not expected to occur in river
systems. The average world river Re concentration is estimated at 16.5 pmol/kg (Miller et
al., 2011). Although the bioaccumulation of Re in aquatic and terrestrial organisms has
not been as extensively studied as Tc, Re is known to bioaccumulate in the same manner
as Tc, with high concentrations also observed in seaweed (Wedepohl, 1969).

1.5 Toxicity of Technetium and Rhenium

Radiotoxicity of Technetium
Technetium has the lowest atomic number of radioelements. The radioactivity of
99

Tc is that of a pure β- emitter; the nucleus is unstable and emits an electron to gain

stability (Tro, 2008). Through β- decay, 99Tc will transform to ruthenium (99Ru);
however, it has a long half-life (211,000 yr); therefore, it takes an extended time for the
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atoms to decay and as such it is characterized as weakly radioactive isotope (Stwertka,
2002). Its radiation is measured at 0.293 MeV and its specific activity is 0.63 Gbq/g;
both values which would not be considered as exceptionally hazardous without the long
99

Tc half-life. Most β- emitters, which are smaller in size and hold less ionizing power

when compared to α- emitters, can be measured by radiation counting. The EPA has
established that the contamination level of radionuclides that are β- particle or photon
emitters may have a maximum level of 4 mrem/yr in drinking water, corresponding to the
MCL of 33.3 mBq/m3 (Drinking Water Contaminants, 2012). In excess of this level, 99Tc
is suspected to cause lung cancer or other sickness, and is more concerning than the
current level of typical Tc ingestion through water or food. Considering there are 168
radionuclides that can contribute to the maximum radiation dose allowed from βparticles and photon emitters, the Tc concentration level may often be less than the
categorical regulatory level.

In Japan, the International Atomic Energy Agency (IAEA)

has established a maximum soil to plant transfer factor of 5 for Tc (IAEA, 1982). The
99m

Tc form, which is used in pharmaceuticals, is chiefly hazardous as external irradiation

and listed as a medium energy gamma ray emitter. The yearly maximum for ingestion is
listed as 910 MBq, while the maximum inhalation level per year is 690 MBq
(Radioisotope Safety Data Sheet Technetium 99m, 2004). While toxicological data on
Tc is inadequate, it is generally known that certain quantities of ionizing radiation can
lead to cancer, leukemia, and genetic and teratogenic effects (Radioisotope Safety Data
Sheet Technetium 99m, 2003; Material Safety Data Sheet Sodium Pertechnetate Tc 99m,
2004).
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Toxicity of Rhenium
While there is a dearth of data on Re toxicity, some studies have been completed
in mice, rabbits, guinea pigs, dogs, and cats (Santonen and Aitio, 2001). Rhenium is
generally inert in the body with a relatively low toxicity; it has been shown that
molybdenum is toxic at one-eighth of the rhenium lethal dose (114-117 mg Mo/kg body
weight vs. 900-1000 mg Re/kg body weight) (Maresh et al., 1940).
Mice and rats dosed with 0.05-3 mg and 2.5-50 mg KReO4, respectively, by
intraperitoneal injections did not have any observable effects due to Re (Hurd et al.,
1933). The LC50 of KReO4 in mice over seven days was 1.6-2 g Re/kg body weight
(Haley and Cartwright, 1968). Haley and coworker (1968) also studied effects on cats,
showing that administration of 6.4-32 mg Re/kg body weight KReO4 to cats result in
transient hypertension and tachycardia (Haley and Cartwright, 1968). At higher levels,
38-45 mg Re/kg body weight, hypotension and bradycardia preceded death from
cardiovascular collapse and respiratory failure. It was also shown that atropine (2 mg/kg)
was able to reduce the effects of KReO4 slightly.
In another study, rats received (1) 310-600, (2) 830-890, and (3) 1050-1380 mg
Re/kg body weight as NaReO4 through intraperitoneal injection (Maresh et al., 1940).
The (1) group suffered no visible effects, while (2) had respiratory and neurological
effects such as labored breathing, convulsion, etc., that subsided after a few hours, and
(3) died within an hour. As such a rare element, Re is not often studied in organisms; it
was noted by Durbin and coworkers (1957) that there were no recorded detections of Re
in any organism, not even in trace concentrations, and this trend is likely to continue
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(Durbin et al., 1957).
The focus of toxicity studies is within the scope of nuclear medicine. Rhenium is
known to principally accumulate in the thyroid and gastrointestinal tract and Re
concentrations from pharmokinetics peak in the first two h (Shellabarger, 1956).
Rhenium trichloride may cause toxicity due to release of HCl in the body (Maresh et al.,
1940). There are no reported toxic effects of Re on humans (Seiler et al., 1988).
A review of MSDS for Re compounds reveals that the toxicological properties of
the chemical have not been thoroughly examined (Material Safety Data Sheet Rhenium
Heptasulfide, 2009; Material Safety Data Sheet, 2009; Material Safety Data Sheet
Rhenium (VII) Oxide, 2010; Dierks, 2005). Some noteworthy concerns include that
perrhenate can cause irritation of the eyes, skin, and digestive tract and may cause
dermatitis. It also may target the respiratory system, with the capability of producing
delayed pulmonary edemas or laryngeal spasms. It is not listed as a carcinogen or
regulated as a hazardous material and it is not acknowledged to have toxic effects. Some
acute effects include chemical burns to mouth, throat, or GI tract by ingestion or eye
tissue through exposure.

Nuclear Medicinal Uses
Analytical chemists continually conduct research of x-ray structural investigations
of Tc for nuclear medicinal uses, with a surge of research completed in 1988-1996
(Bandoli et al., 2006). The goal of 99mTc radiopharmaceutical development is to
minimize vitiation in the body by finding an optimal chemical structure. The metastable
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parent of 99Tc has been often used for diagnostic applications in nuclear medicine
because of its beneficial coordination chemistry, short half-life, low cost, and accessible
supply. Often 99mTcO4- (aq) is injected into the body with a chelating agent (e.g., ethyl
cyteinate dimer (ECD)), which has high affinity for certain target tissues in the body
(Hjelstuen, 1995). The resultant complex will be higher in stability according to
increasing numbers of Tc bond formation. However, the permanence of Tc complexes in
the body is often in jeopardy as a result of blood kinetics and other biological interactions
(e.g., accumulation of ECD complexes in the brain (Johannsen and Spies, 1996), or the
localization of 99mTc proteins in the liver post-injection (Ono et al., 1999)). In addition to
the introduction of soluble 99mTc, the injection of colloidal 99mTc (e.g., 99mTc-S, -Sn, -ReS, and -phytate colloids (Technetium-99m Radiopharmaceuticals, 2008) has been tested
in patients. However, the particle size dependent distribution of 99mTc colloids in
different organs makes this procedure challenging.
The γ-ray emissions of 99mTc radiopharmaceuticals are used for skeletal imaging,
hypoxic tissue detection, and identifying blood flow in the brain, kidneys, lungs, and
other organs (Johannsen and Spies, 1996; Volkert and Jurisson, 1996). While there are
several radionuclides that are useful for this purpose, 99mTc is used for 90% of
scintigraphic analyses (Hjelstuen, 1995).
As Tc is used in nuclear medicine for diagnosis purposes, Re is less hazardous
and used for therapy (Johannsen and Spies, 1996). Often, ReV is used for therapeutic
radiopharmaceuticals and model studies for Tc (Johannsen and Spies, 1996). Both 186ReV
and 188ReV are used, produced by neutron radiation of 185Re and radioactive decay of
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188

W, respectively, with the smaller 186Re employed for the smaller tumors while 188Re is

employed for larger ones. The latter has a shorter half-live of 17h (Dilworth and Parrott,
1998). Often TcVII and ReVII are used in radiopharmaceuticals because they will slowly
release their oxyanion, and lower the chance of metal leakage (Aryal et al., 2011).

1.6 Technetium and Rhenium Geochemistry

Sorption
In 2008, there was an estimated 5.5 million m3 of radioactive waste responsible
for the contamination of 30-80 million m3 of soil and 1,800-4,700 million m3 of water in
the United States (Hu et al., 2008). Much of this contamination exists at or near
Department of Energy (DOE) sites such as the Hanford site where the first leak in 1956
totaled between 280,000-570,000 m3 of the waste (Liu et al., 2008). As of 2009, there
were nearly 150,000 m3 of liquid nuclear waste in storage at the Savannah River Site
(SRS) (Defense Waste Processing Facility, 2009). The waste, which is from nuclear
power plants and nuclear weapons, contains many radioelements and other hazardous
components. As a reprocessing plant, SRS will remove Tc from the wastes, ultimately
forming the pertechnetate anion (TcO4-). This compound is also able to enter the soil
environment from atmospheric fallout due to weapons testing (Momoshima et al., 2005;
Shi et al., 2011; Tagami, 2003) and is expected to have high mobility in soils. The high
mobility of TcO4- has led to widespread research of materials that may be capable of
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retarding transport by sorption. The following review covers the sorption of Tc as well as
the chemical analogue, Re, in synthetic and natural geomedia.

Surface Complexation and Thermodynamics
The chemical speciation of the Tc/Re oxyanion controls the fate and transport in
soils and sediments. As previously discussed in the Re and Tc chemistry section,
tetravalent Tc and Re behave like a soft Lewis acid and will preferentially bond to softer
base sites of inorganic and organic soil components such as sulfide/thiol functional group
in humic substances. On the contrary, TcVII and ReVII behave as hard Lewis acids and
bond to hard base sites, forming oxyanions (TcO4- and ReO4-). Because of high shared
charge value for both oxyanions (1.75), outer-sphere sorption is expected and the reaction
is often dictated by the charge interaction between aqueous speciation and the surface
charge density of variable charge surfaces of mineral and organic acids. The pKa values
for TcO4- and ReO4- are approximately -8 (Rulfs et al., 1967), suggesting that these
oxyanions are negatively charged at environmentally relevant pH values (4-8). The
surface charge of minerals is dictated either by isomorphic substitution, which is the
exchange of one element for another of only slightly different size and valence within a
mineral lattice, or by pH-dependent reactions of mineral functional groups (Sparks,
2003). According to the protonation of surface functional groups of minerals, the net
number of positively charged sites are greater than the negatively charged sites when
pHwater is less than the point of zero charge (PZC) of minerals (eq. 7), and negatively
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charged sites outnumber positively charged sites when the pH > PZC (eq.8), where S
represents the mineral surface:
>SO- + 2H+ ↔ SOH2+

(7)

>SOH2+ + 2OH- ↔ SO- + 2H2O

(8)

Based on the charge attraction between negatively charged TcO4-/ReO4- and the
positively charged mineral surfaces when pH < PZC, one can expect that oxyanions will
undergo sorption at lower pH values. In general, the sorption decreases with increasing
pH since most of variable charge mineral surfaces are negatively charged. The
approximate PZC of some common soil constituents increases from 2:1 silicate minerals
(2.5), kaolinite (4.6), gibbsite (5), to Fe-oxyhydroxides (6-8) (Kaplan, 2003). Additional
terminology, such as the point of zero salt effect (PZSE) (pH where the net surface
charge is independent of ionic strength) is sometimes used to further characterize charge
properties of minerals.
By classifying the type of surface complexes at the mineral-water interface, the
permanence and reactivity of Tc in low temperature geochemical environment can be
specified in more detail. These classifications include outer- and inner- sphere surface
complexes (Langmuir, 1997). Inner- and outer-sphere surface complexes are often
referred to as specific sorption and non-specific sorption, respectively. Outer-sphere
complexation is the weaker form of chemical association between sorbate ions and
sorbent surfaces. In these complexes, cations have been hydrated and maintain a
chemical bond with an oxyanion through long-range electrostatic forces. The oxyanion
does not penetrate the barrier formed by the water molecules. Pertechnetate and
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perrhenate oxyanions (ReO4-) have a shared charge value (SCV) of 1.75. The SCV is the
positive charge of central atom divided by the number of oxygen atoms coordinated, and
indicates the strength of complexation relative to OH-. The SCV of OH- is 1, giving it a
greater effective negative charge on the oxygen atom and a stronger ionic bond.
Pertechnetate and perrhenate, with a larger shared charge, have a weaker bond and are
known to interact weakly with hydroxylated functional groups of mineral surfaces.
When one or more water molecules in the primary hydration sphere are displaced
with other ligands, including the surface hydroxyl functional groups of minerals, it is
known to form inner-sphere complexes. This new M-O-L (M: metal, O: oxygen, L:
ligand) bond is the beginning of covalent bond formation. The covalent character of
inner-sphere bonds is the basis for increased strength and low reversibility compared to
electrostatic attraction and van der Waals forces. Phosphate (PO43-), which has the shared
charge value of 1.25, is known to strongly interact with hydroxylated functional groups
of mineral surfaces. The M-O-L bond of inner-sphere complexes requires more energy to
break, whereas the electrostatically attracted ions on mineral surfaces via outer-sphere
complexes need a lower energy to reverse the reaction.
To gain understanding in the fundamentals of oxyanion sorption, thermodynamic
parameters can be considered. The ions in solution, in this case TcO4- or ReO4-, will
interact with the surface according to thermodynamic law. The products of reaction must
have a lower free energy than the reactants, yielding an overall negative change in Gibbs
free energy (G). Entropy (S) and enthalpy (H) are considered, according to eq. 9.
ΔG = ΔH – TΔS

(9)
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In the case of inner-sphere complexation, oxyanions undergo a ligand exchange reaction
through the displacement of OH ligands on the mineral surfaces. It requires some
activation energy to break the OH-sorbent bond and form the stronger oxyanion-sorbent
bond (Figure 1.1). The Ea value represents the energy of activation, while Ha and Hb
represent the energy required for a more or less reversible pathway, respectively. This
often results in less reversible reactions. Outer-sphere complexation of oxyanions in
minerals, on the other hand, only requires small activation energy. For this reason, the
reaction is often reversible, and possibly kinetically limited.
While both types of complexes are discussed ideally, the true complexes will
generally include both types of bonding. In the literature, Tc often has low sorption or
reversible sorption, which may be due to outer-sphere complex formation.
While most of TcO4-/ReO4- sorption can occur via surface complexation, other
mechanisms such as surface precipitation are also responsible for the sorption of
TcIV/ReIV. The precipitation of Tc/Re on the mineral surfaces may occur as the amount of
an anion sorbed on a surface increases to a high surface coverage. This occurs when the
sorbed TcIV/ReIV precipitates with the dissolved ions (S2-) from minerals (e.g., FeS2).
Technetium is known to co-precipitate with iron (Llorens et al., 2007) as well as
incorporate into the iron mineral lattice structure during transformation (Walton et al.,
1986).
A wide variety of natural and synthetic materials have been used to study the
sorption behavior of Tc. A main focus of the review is iron and sulfur containing
minerals due to their reducing capacity and the need to understand their potential Tc
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immobilization reactions. The sorption review begins with iron (oxyhydr)oxides
(magnetite, hematite, goethite, ferrihydrite), and continues to cover iron sulfides
(mackinawite, pyrite, pyrrhotite, greigite, etc.), other iron-containing materials, and
sulfide minerals (chalcocite, galena, stibnite, etc.). To understand better what may be
occurring in natural systems, the review also includes clay minerals and organic material
(boom clay, bentonite, illite, montmorillionite, kaolinite, chitosan), various soil, rock, and
other mineral (magnesium, aluminum) systems. To facilitate comparison in sorption in
different inorganic and organic components, factors, including soil type, source, soil
organic matter (SOM) content, minerals, soil pH, ionic strength, contact time and Kd
values are reported in selected studies.

Iron (Oxyhydr)oxides
One of the most important sorbent of Tc sorption is iron-containing minerals.
These include FeII bearing Fe minerals (e.g., magnetite, siderite, oxides within granite,
gabbro) and FeIII (oxyhydr)oxides (ferrihydrite, goethite, hematite). Not only are ferric
(oxyhydr)oxides reactive and commonly present in soils and sediments, but they also
have a rather large inherent redox buffering capacity. With an anoxic environment,
effective Tc sorption is seen with FeIII (oxyhydr)oxides in 0.1 mol/L bicarbonate media at
pH 8 (Walton et al., 1986).
Magnetite (FeII, III 2O4) can reduce TcVIIat the mineral surface. This reduction is
dependent on surface area and is followed by sorption (Cui and Eriksen, 1996; Kaplan,
2003). While outer-sphere complexation occurs at pH < pHzpc (Haines et al., 1987), it is
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possible that TcO4- is sorbed once the magnetite surface groups are deprotonated
according to eq. 10:
>SOH + TcO4- ↔ >S-OTcO3 + OH-

(10)

This is the rate-limiting step of the reaction. In most cases, the protonation of surface
groups leading to the formation of >SOH2 will make ligand exchange more favorable, but
in this case TcO4- will react with the uncharged hydroxyl site. In the presence of sulfate,
negligible sorption of TcO4- (0.3-1.3 mL/g) has been observed in magnetite under oxic
and anoxic conditions, although when sulfate concentrations were lowered and Fe II
concentrations were increased, there were high Kd values (≤1-343 mL/g) (Mattigod et al.,
2003; Skarnemark, 1992).
When FeII is incorporated in FeIII minerals (hematite and goethite), it is a primary
route for the relatively rapid reduction of TcO4- to the hydrated Tc dioxide (Fredrickson
et al., 2004). This reduction requires three electrons, and will be impacted by the FeII
density as a precipitant or sorbate. Sorbed FeII, rather than dissolved FeII, has been found
to be the stronger reducing agent (Peretyazhko et al., 2008). A heterogeneous reduction
of FeII(aq)/Fe2O3(s) leads to rapid TcVII reduction, due to a re-adsorption step that will
add to sorbed FeII content. The sorbed FeII on crystalline FeIII oxides is documented as
the most powerful reductant, followed by structural FeII in phyllosilicates, with both
aqueous FeII and FeII adsorbed on phyllosilicates having the least affinity. When
compared to the use of FeII(aq) in homogeneous reduction, the reduction kinetics in
mineral aided FeII is faster by more than one order of magnitude. Other studies have
confirmed that FeII in mineral phases or sorbed to mineral surfaces can reduce TcO4- to
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TcO2∙nH2O-like phases, and that this reaction is enhanced in reducing conditions (Lee
and Bondietti, 1983; Liu and Fan, 2005; Walton et al., 1986; Zachara et al., 2007). The
species TcO(OH)20 (aq) is expected to sorb onto FeIII hydroxide phases and/or
coprecipitate with FeIII (Lieser and Bauscher, 1987). Stable mineral formation may be
preceded by metastable intermediates or other rate-limiting steps. For example, reductive
precipitation of TcVII undergoes a slow, continuous change to a more stable species. In a
system with precipitated amorphous TcO2∙nH2O, it will transform to become crystalline
and stable over time in the absence of high oxidation levels. There are cases where TcVII
in oxic conditions has interfered with iron oxyhydroxide transformation (Walton et al.,
1986). In a study conducted under oxic and anoxic conditions with granite and gabbro, it
was determined that small amounts of iron (FeII and FeIII) are capable of removing
95m

TcO4- from granitic groundwater solution primarily by the presence of iron oxides in

mineral fractures (Vandergraaf et al., 1984).
It has been shown that 99TcVII will associate with Fe oxides and (oxy)hydroxides
(hematite, goethite, etc.) within the waste storage tanks at DOE sites (Deutsch et al.,
2006). In fact, structural incorporation of Tc into the minerals is expected due to the
concentrations of Tc (0.6-1 wt %) in actual Fe (oxy)hydroxide samples from the waste
tanks (Cantrell et al., 2009; Krupka et al., 2012). Using quantum mechanical methods, it
was determined that TcIV can be incorporated into the hematite structure at 2.6 wt. %
(Skomurski et al., 2010). This is possible due to the identical crystal radii of TcIV and
FeIII in six fold coordination, allowing TcIV to substitute for FeIII in the lattice. The TcIV
will cluster with FeII favorably compared to FeIII-FeIII repulsions due to less Coulombic
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repulsion and greater net attraction. Furthermore, due to hematite’s ability to host
impurities and the overlap of the Eh-pH range of stability for hematite with many forms
of Tc, the mineral may be a long-term host for Tc.
The sorption of Re as perrhenate on minerals that may form in the Hanford waste
tanks, such as ferrihydrite, goethite, and hematite, has been studied (Wakoff and Nagy,
2004). The waste stream from the nuclear weapons programs must be reprocessed into
high- and low-level waste streams and brought to pH 12 in order to be stored in steel
tanks for long periods of time. Within the waste stream, Fe and Al will form poorly
ordered oxyhydroxides with the process of basification and may gradually reach more
stable crystalline phases, such as hematite/goethite and gibbsite/boehmite, respectively.
In accordance with Tc chemistry, Re sorption on these iron (oxyhydr)oxides decreases
with increasing pH. Wakoff and Nagy (2004) proposed outer-sphere sorption
mechanisms based on the ‘reversible’ sorbed Re sorption, while ‘irreversibly’ sorbed Re
was explained via the entrapment of Re in the internal porosity of the solids (Wakoff and
Nagy, 2004). Rhenium showed increasing sorption levels (2700 vs. 21 µg /L) in the
undialyzed ferrihydrite system rather than the dialyzed system. In the ferrihydrite
system, 99% of the Re was reversibly sorbed initially, but this amount decreased with
increasing aging time. Such a transformation to hematite and goethite may have
decreased sorption due to lower specific surface areas. The Re was more readily desorbed
in these crystalline iron (oxyhydr)oxides than fresh ferrihydrites.
The reaction of TcO4- (10-5 M) from a brine solution (5 M NaCl) with FeII was
investigated in FeSO4 and Na2S media (Lee and Bondietti, 1983). The systems included
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TcO4- with (I) FeSO4, (II) FeSO4 and Na2S, and (III) Na2S. The TcO4- loss from the brine
solution increased with increasing concentrations of FeSO4 and/or Na2S, respectively, but
the loss was enhanced more with increasing concentrations of both electrolytes. At
higher pH levels (8.5), ferrous ion was more effective in removing TcO4-, while high
levels of sulfide were required at lower pH levels (6.3). For the system I, there was the
formation of magnetite (ɣ-Fe2O3) and goethite (α-FeOOH). Pertechnetate was most
likely reduced and then incorporated into the structure. The product of system II was
amorphous FeS, which eventually transformed into goethite and hematite. The system III
with Na2S yielded a black precipitate that did not reduce TcO4- in removing it from
solution. The reaction products from systems I and II were aged for 8 mo, at which point
considerable amounts of Tc were leached from the precipitates as the pH dropped from
8.5 to 2.2. More Tc leached from the FeS precipitate in system II. This higher leaching is
expected to be due to the mineral transformation from FeS to Fe2O3. In a separate
experiment where pH was maintained above 6.5, the majority of the Tc did not leach
from these solid phases. In system III, TcO4- did not leach from the precipitate after 8 mo.
The form of non-leached Tc in the precipitate is most likely Tc2S7, showing fixation in
the precipitate without reduction. Overall, in ferrous iron only solutions, the Tc was
reduced prior to structural incorporation, while Tc was not reduced prior to incorporation
in the sulfide solution, and the ferrous iron – sulfide system was not stable.

Iron Sulfides
Ferrous iron sulfide (e.g., mackinawite) surfaces have two different functional

43

groups that can form at their surface: FeOH0 and FeSH0 (Bebie et al., 1998; Kornicker,
1988). Below pH 10, the Fe-SH bond is favored and those sites will dominate over
hydroxyl sites on the surface with mono or tri-coordination (Fe3SH) (Wolthers et al.,
2005). These sites will protonate (FeSHII and Fe3SHII) to have a positive charge below
the mineral pHzpc, and that is when TcO4- will be attracted and its reduction can be
enhanced.
Mackinawite (FeS) is known to be the initial sulfide phase that is formed in the
environment when reducing conditions occur, and it is an important control of redox
sensitive metal speciation. Pertechnetate in the presence of mackinawite experiences
highly significant sorption, with >98% of TcO4- removed from DI water (Livens et al.,
2004). As determined by X-ray Absorption Spectroscopy (XAS) analysis, TcVII reacts
with mackinawite and forms a species resembling TcS2 initially during anoxic
conditions, but forms a TcIV oxide when mackinawite oxidizes to form goethite. Initial
incorporation of TcIV into the FeS structure may occur either by substituting for Fe within
the layer or in the interlayer site. After host mineral oxidation, as the TcO2-like phase, it
can be incorporated into the goethite lattice. The benefit of Tc remaining reduced even as
the mineral is oxidized is that Tc solubility remains low. There is evidence that
perrhenate behaves in the same manner as pertechnetate by forming a ReO2-like phase,
with the exception that the formation of Re-S-Fe phases are thought to occur (Wharton et
al., 2000). Such a formation may be due to Re being more inclined to bond with the Fe
species. The reduction of Tc into the mackinawite structure indicates a restriction on Tc
mobility, and the Re behavior suggests that Tc may form bond with such Fe oxides over
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time.
Pertechnetate immobilization has also been studied in an amorphous iron sulfide
mineral (FeS0.97, pHzpc = 7.4.) (Liu et al., 2008). The TcO4- reduction to TcO2 was more
favorable with increasing ionic strength (0.1 vs. 1.0 M NaCl). The reduction is expected
to occur as a surface mediated reaction with TcO2 forming a layer on the mineral surface.
The system at pH 6.1- 7.0 effectively reduced TcO4- an order of magnitude greater than
the system at pH 8.5- 9.0 system. After the reduction, the formation of Tc-Fe/S bond was
not observed. Instead, there was the formation of TcO2, The following possible reaction
path (eq. 11) was postulated:
10TcO4- + 6FeS + 11H2O ↔ 10TcO2 + 6Fe3+ + 3S2O32- + 22OH-

(11)

After 160 d, FeS was determined to have a reductive capacity of 867 mg/g TcO4- (Liu et
al., 2008).
Pyrite (FeS2) has been recognized as a good sorbent for TcIV (Bruggeman et al.,
2007). The lower valency TcIV was observed to have increased solubility in the presence
of humic substances (HS), which was demonstrated with samples having decreasing
dissolved HS concentration also having decreasing TcIV concentration in solution and
lower Kd values. When introducing FeS2 to the samples, Kd values (933-31622 mL/g)
increased with increasing pyrite concentration (Bruggeman et al., 2007). The TcIV that
adsorbed onto the FeS2 surface can be described using a Langmuir isotherm model, and
suggested that FeS2 has high affinity for lower concentrations of TcIV. Sorption of TcO4by pyrrhotine (Fe1-xS : x ≤ 0.2) occurs in oxidizing conditions by reduction to TcO2(s) at
the mineral surface (Shen et al., 2002). The initial sorption was followed by a slow
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uptake of Tc, reaching 8.7∙103 mL/g after 40 days. While TcIV is expected to be easily
oxidized under these conditions, oxidation was limited by the stability of TcIV(aq) at
lower acidity levels. In an anaerobic state, TcO4- reduction and sorption reached 2.4∙103
mL/g in only four days, which was a faster rate than in aerobic conditions.
To briefly review other studied iron sulfide minerals, greigite (FeIIFe2IIIS4) has
highly significant sorption (110-6,100 mL/g) of the TcO4- in heavy metal sludge filtrate
(Bock et al., 1988; Bostick et al., 1990; Del Cul et al., 1993). The minerals chalcopyrite
(CuFeS2), bornite (Cu5FeS4), pyrite, and Ag-tetrahedrite ((Cu,Fe,Ag,Zn)12Sb4S13), have
been shown to have low affinity for the pertechnetate ion (Kd < 0.1 – 3 mL/g) when in
background matrices of 0.1-4 M NaCl, 0.1 M NH4OH, or DI water (Lieser and Bauscher,
1988; Palmer and Meyer, 1981; Strickert et al., 1980; Zhuang et al., 1988). However,
finely ground pyrite (<63 µm) in DI water resulted in higher Kd values (70-100 mL/g)
(Bock et al., 1988).

Other Iron Bearing Minerals
In the presence of siderite (FeCO3) and bicarbonate media (0.1 M), TcIV was
readily coprecipitated with FeII, leading to incorporation in the lattice structure and the
formation of TcIV-carbonate complexes such as TcCO3(OH)3- (Llorens et al., 2007). The
coprecipitate is characterized as green rust-like, which has layered FeII and FeIII hydroxisalts, since the complete mineral transformation is hindered.
While not included as an iron-bearing mineral, it should be noted that metallic
iron has significant TcO4- sorption in granitic groundwater (190-4990 mL/g)

46

(Vandergraaf et al., 1984) and in heavy metal sludge filtrates (18,900-32,233 mL/g)
(Bostick et al., 1990; Del Cul et al., 1993). Perrhenate has been successfully reduced by
starch-stabilized zero-valent iron (ZVI) nanoparticles (Ding and Qian, 2011). These
nanoparticles are palladized iron (Pd/Fe) and have more degradation power than many
other nanoparticle types. Separate soil and water systems were spiked with perrhenate,
and the ZVI nanoparticles removed 99% of ReO4- in water and 57% of the water
leachable ReO4- from the soil was reduced to ReO2 by the nanoparticles.

Sulfide Minerals
While the sulfide minerals, chalcocite (Cu2S), enargite (Cu3AsS4), galena (PbS),
molybdenite (MoS2), and tennantite (Cu12As4S13) , generally have low affinity for TcO4(<0.1 – 3 mL/g) in matrices consisting of 0.1-4 M NaCl, 0.1 M NH4OH, or DI water
(Lieser and Bauscher, 1988; Palmer and Meyer, 1981; Strickert et al., 1980; Zhuang et
al., 1988), finely ground galena in DI water was shown to have higher TcO4- attenuation
(50-1000 mL/g) (Bock et al., 1988). Stibnite (Sb2S3) has been shown to have ~100%
sorption for the pertechnetate ion in simulated and natural ground waters under aerobic
and anaerobic conditions(10-60 hr and 150 hr, respectively) (Peretroukhine et al., 2006).
There are cases with Kd > 10,000 mL/g for stibnite in aerobic conditions, and even large
stibnite particles (125-250 µm) can achieve significant TcO4- sorption (143-1980 mL/g)
(Bock et al., 1988; Bostick et al., 1990; Del Cul et al., 1993; Lieser and Bauscher, 1988).
A quantum-mechanical model study, undertaken to understand the structure of Tc
and Re compounds on relaxed galena structures, revealed differences in TcO4- and ReO4-
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sorption behavior (Anderson et al., 2007). Pertechnetate has slightly more favorable
adsorption on the galena terrace and on the step edges, leading to one-electron transfers
that are available for TcO4- but not for ReO4-. Both Na+ and Cl- were investigated as
interfering ions, and Na+ was found to promote sorption of TcO4- and ReO4- while Clpromoted less favorable sorption conditions for both oxyanions. The coordination of
these oxyanions on mineral surfaces was predominantly ionic. The favorability
differences were very small between TcO4- and ReO4-, which indicates near ideal
behavior, but the differences were significant in that the electron transfer only occurred
for TcO4-. The Coulombic interactions for the two compounds justify analogous use, but
the reductive situation does not allow for the TcO4--ReO4- analogy.

Clay Minerals and Organic Materials
In a study with Boom clay (quartz, K-feldspar, Na-pagioclase, pyrite, carbonates,
kaolinite, mica, mixed-layered illite-smectite and chlorite) TcVII was completely reduced
to TcIV in an anaerobic environment at alkaline pH (8.3) (Maes et al., 2003). Boom clay
from Belgium, which serves as the host geological material during radioactive waste
disposal, contains HS that is almost completely dissolved (99%). Reduced TcIV in
solution will interact with dissolved HS, complexing with high affinity sites such as thiol
groups. Complexation with the dissolved HS may primarily occur according to the
following reactions (Maes et al., 2003):
TcO2+ + HS ↔ TcO2+-HS

(12)

TcO(OH)2o + HS ↔ TcO(OH)2-HS

(13)
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Of which the second is more likely under these reaction conditions due to the high
amount of the neutral Tc species, TcO(OH)2o. This sorption occurs via hydrophobic
interaction.
The interaction of pertechnetate on bentonite with activated carbon (charcoal) was
studied under anaerobic conditions (Vinšová et al., 2006). The TcVII was the dominant
species, capable of sorption without reduction on the bentonite-activated carbon (BAC)
mixture. Quantitative analysis determined that to increase sorption levels above 90%
required a recipe with 5% activated carbon or greater. In a previous study, sorption of
TcO4- on bentonite with activated carbon reached 80% or higher, with perrhenate yields
of 94-97% over pH values of 6.9 to 8 (Vinsova et al., 2004). In this case, both oxyanions
were found to sorb in bentonite without undergoing the reduction reaction. This may be
environmentally relevant, particularly in non-reducing environments, because activated
carbon can decrease toxicity and stimulate biodegradation in soil remediation processes
(Vasilyeva et al., 2006). In the earlier study, it was found that the sorption yield in a
mixture of bentonite and iron powder was between ~50-60% for TcO4-. Furthermore,
adding FeSO4, magnetite, graphite, or no additives to bentonite yields a negligible
sorption. Generally, bentonite has a low inherent anion exchange capacity with a higher
cation exchange capacity. Vasilyeva and coworkers (2004) suggested that a possible
inhibiting factor is the potential of FeII in FeSO4 to consume oxygen first, and reduce Tc
once the oxygen has been depleted.
In general, TcO4- has significant sorption on activated carbon, but it does have
competitive ion interference, with the sorption increasing among 5 M NaCl matrices
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(180-310 mL/g), 1 M NaCl (300-5,000 mL/g), and DI water matrix (8,000-10,000 mL/g)
(Ito and Akiba, 1991; Nowak, 1980).
Under oxic conditions, the sorption of 95mTcO4- was found to be low or negligible
on clay minerals including illite (1.5 ± 1.2 - 7.7 ± 4.7 mL/g), montmorillionite (-0.6 ± 0.3
- 26.0 ± 18 mL/g), and kaolinite (0.8 ± 0.7 - 10.8 ± 5.6 mL/g) (Palmer and Meyer, 1981).
The included values are for ionic strength ≤ 0.1 with pH ranging from 2-10 depending on
the mineral.
Perrhenate is suggested to undergo non-specific sorption onto protonated chitosan
amine groups (Kim et al., 2004). Chitosan is a derivative of chitin, which is considered
the second most common natural polymer and has high distribution in natural
environments (Sandford, 1989). However, chitosan has more protonated groups
compared to chitin, which has more acetylated groups. Perrhenate sorption was at a
maximum of 50% at 0.01 M KNO3 and a maximum of 10% at 0.1 M KNO3. The
sorption maximums exist at pH ~3, since there are more protonated amine groups, and
decrease with increasing pH and increasing ionic strength. This effect of ionic strength
on sorption was attributed to the competitive sorption of nitrate anion. The competitive
sorption of nitrate and perrhenate has been documented in other studies as well (Tkáč et
al., 2000; Zhang et al., 2000). In addition, this study used organic polymers with
negatively charged carboxyl and sulfonato functional groups at pH 4 to simulate natural
organic matter (NOM) reactive groups, and did not find observable ReO4- sorption under
oxic conditions. Organic matter may increase sorption due to its reducing capacity to
more insoluble Tc species. Based on analogous Re interactions with humic substances,
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the complexation of Tc with humic acid may form small, potentially colloidal, TcIV oxic
polymers when there is a high enough concentration of TcO4- (Dolor, 2005). The
sorption of Tc was evaluated in soils where the microorganisms were poisoned or killed
with steam sterilization, and found to be lower where microorganism activity was
undisturbed (Paquette et al., 1980).

Soils, Primary Minerals, and Other Secondary Minerals
One study assessed TcO4- sorption on wetland (79% sand, 14% silt, 6% clay, pH
= 4.16, hydryoxy-interlayered vermiculite > kaolinite > gibbsite = illite > quartz) and
upland soil (80% sand, 15% silt, 5% clay, pH = 5.00, hydryoxy-interlayered vermiculite
= kaolinite >> gibbsite > quartz) from the vicinity of Savannah River Site (SRS)
(Kaplan, 2003). Both soils showed little capacity for sorption, with the wetland soil
having marginally higher sorption values (0.29 vs. 0.11 mL/g). The main difference in
the two soils was the source of surface charge, which was soil OM for wetland and Fe/Al-(oxyhydr)oxide surface coating for upland soil. These findings further substantiate
the positive correlation of organic matter and anionic TcVII sorption. However, negative
Kd values were obtained when pH > PZSE (4.4 for wetland soil). Negative Kd values
may result from anion exclusion, a process by which anions in solution are repelled from
negatively charged sediments. Anion exclusion, also called negative adsorption, results
from the high negative charge at the soil particle surface that decreases to the value found
in the bulk solution (Kaplan and Serne, 1998; Sparks, 2003). This effect is more
pronounced in soils such as smectites and vermiculites due to their large negative surface
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charge (El-Swaify et al., 1967), while soils high in iron oxides or organic matter have
more positively charged surface groups and may be able to sorb TcO4- (Cui and Eriksen,
1996; Kaplan, 2003; Maes et al., 2003).
The sorption of 99TcO4- and other radionuclides was studied with groundwaterdevitrified tuff systems to simulate the Yucca Mountain repository conditions (Hu et al.,
2008). In this study Tc Kd values increased (1.22 to 12.5 mL/g) on devitrified tuff as
conditions became more reducing (at atmospheric O2 level to 0.1% O2 level). When test
conditions included FeCl2 or Na2S, the Kd values increased (19.1 and 378 mL/g,
respectively). However, systems of Tc sorption on alluvium, carbonate rock, and zeolitic
tuff all had very low Kd values < 1 mL/g.
The affinity of crystalline boehmite (γ-AlOOH, pHPZC = 8.73) was assessed with
rhenium as a Tc analog (Zhang et al., 2000). The study showed that the sorption maxima
(80%) was at pH 5.4, with no sorption at pH > 8. Interestingly, ReO4- sorbed more in the
systems with less boehmite and more solution, perhaps due to separation of aggregated
solids in the system. This study was done for the purpose of understanding what sorption
might occur in the Hanford waste fluid, which has a pH near 12 and high nitrate
concentration (~0.7 M), and the conclusion is that boehmite will have little sorption
capacity for TcO4- under those conditions.
Sorption of TcO4- and CrO42- was also reported in calcined Mg/Al layered double
hydroxides (LDH) such as hydrotalcite (Mg6Al2(CO3)(OH)16 ∙ 4(H2O)) (Kang et al.,
2003). Perrhenate has also been shown to sorb in a nearly identical manner as TcO4- in
the same materials (Bryan et al., 2002; Kang et al., 1996). These LDH materials are
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effective in removing oxyanions because the metal hydroxide layers are close-packed and
positively charged, and because they have high surface area. They have been shown to
remove pertechnetate at 265-6,160 mL/g (Kang et al., 1996) when no competing
(oxy)anions were present, and at 137-4,890 mL/g with dilute sodium salt solutions
(Krumhansl et al., 2002).

Desorption
Analytical data for Tc and Re desorption, which is essentially reversible sorption,
is much less available than sorption data. However, desorption of TcVII has been reported
in granite, hornblende, magnetite, peat, pyrrhotite, and iron sulfide, while ReVII
desorption has been reported in ferrihydrite. After TcO4- sorption with granite,
hornblende, or magnetite material, the system was exposed to air-saturated groundwater
for three weeks (Cui and Eriksen, 1996). The increase in Tc concentration was very
slight over the exposure period and indicates diminutive desorption. Desorption of
99m

TcVIIhas also been quantified with peat (Wolfrum and Bunzl, 1986). Desorption

experiments with pyrrhotite revealed that TcIV is more stable when sorption occurs under
anaerobic conditions (ratio of 50% desorption vs. 95% aerobic desorption) and at lower
acidity (Shen et al., 2002). It is expected that TcIV is retained better in anaerobic
conditions since it is less likely to be reoxidized. However, the rate of desorption is faster
under anaerobic conditions, which is attributed to a shallower sorption layer. One
interesting case comes from iron sulfide desorption, the stable product from the TcO4- FeS reaction had a 60% reductive sorption of TcO4-, and it was then tested for desorption
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in 0.1 M NaCl (Liu et al., 2008). In aerobic environments, initially the concentration of
TcO4- increased but over 50 days it decreased to 5%. One explanation for this is that
TcO4- could sorb on the oxidized mineral surface over time. In anaerobic environments
the TcO4- concentration decreased with time, eventually due to slow diffusion into the
FeS structure becoming more difficult. Complete perrhenate desorption was seen in the
ferrihydrite system of the simulated Hanford tank waste sludges, which is attributed to
the formation of a temperature dependent, weak inner-sphere ReO4- complex (Wakoff
and Nagy, 2004).

Redox Chemistry
Due to the higher levels of kinetic inertness in Re, the ReVII to ReIV reduction will
occur in low temperature geochemical environment at lower Eh conditions than the
corresponding TcVII reduction, and the reoxidation of ReIV is more difficult (Bard et al.,
1985; Dilworth and Parrott, 1998). This is due to the fact that the TcVIIO4-/TcIVO2 couple
in basic media has an Eh value of -0.36 V (Rard et al., 1999) while the Eh value in basic
media for ReVIIO4-/ReIVO2 is -0.595 V (Magee and Cardwell, 1974). It should also be
noted that chromate (CrVIO42-) is sometimes used as a Tc redox analogue with the basic
CrO42-/Cr(OH)3 having Eh measurement of -0.11 V (Bard et al., 1985). The common
oxidation states include CrVI and CrIII with intermediates at the CrV and CrIV states (Bard
et al., 1985). The intermediates are unstable and will disproportionate. As with Tc, the
higher oxidation state of Cr exhibits more solubility and less sorption than the reduced
state. Both CrVI and CrIII exhibit stability, and the reduced Cr(OH)3 form will precipitate
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according to the solubility product of 10-30 (Bard et al., 1985). While in basic solutions
the redox potential of Tc can be found between that of Cr and Re, in acid solutions the
potential can be found between Mn and Re (Colton and Peacock, 1962; Peacock, 1966).
Thus far, the alkaline redox chemistry of Tc is not well understood, but it is an
important chemical reaction in designing safe 99Tc containment at DOE sites. The lowactivity waste stream of the nuclear reprocessing plants has a very alkaline pH in order to
keep the storage tanks from deteriorating (Shuh et al., 2000). In alkaline and reducing
solutions there are only few stable Tc complexes, one being Tc(OH)62-. The presence of
diols within the tanks, or organic molecules in general, is beneficial because they will
scavenge radical anions of O- and, therefore, prevent oxidation (Shuh et al., 2000). Most
complexes will not form in basic pH levels, such as TcIV aminopolycarboxylates (Shuh et
al., 2000). Not only are aminopolycarboxylates weak in basic solutions, but they are
weakly donating to the π-bonds with the TcIV center. Alkoxides, on the other hand, will
donate strongly to the π-bonds and are strong in basic solutions (Shuh et al., 2000).
However, these alkoxides are extremely sensitive to oxidation under ambient condition
and were shown to form TcO4- within one week
It is reported that typical strong reductants of TcVII include sulfate, meta bisulfite,
hydrazine, ascorbic acid, stannous chloride, 2-mercaptoethanol, sodium borohydride, and
phosphines (Technetium: Organometallic Chemistry, 2005; Allen et al., 1997; Shi et al.,
2011; Aryal et al., 2011). In nuclear medicine, TcVII is reduced with SnII and Na2S2O4, as
the chelators and/or peptides cannot bond directly to the pertechnetate anion (Hjelstuen,
1995; Liu and Edwards, 1999). In the aquatic and terrestrial environment, Tc is also
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reduced through biologic enzymatic pathways or by the presence of FeII and/or S2(Peretyazhko et al., 2008). Iron has had variable success as a reducing agent, and is
discussed in the sorption section above. An inhibitor of TcVII reduction is the rapid
disproportionation of both TcVI and TcV to the TcIV and TcVII states (Icenhower et al.,
2010). This is another reason why only TcIV and TcVII are usually present in natural
environments.
Metallic Tc0 and Re0 are relatively stable in aerobic environments, but the porous
and powder forms readily oxidize to heptoxides in the presence ofoxygen and heat. In
particular, TcIV phases will readily oxidize at lower pH values (Shuh et al., 2000).
Bromine water, hydrogen peroxide, alkaline peroxide, and hypochlorite are known
oxidizers for reduced Tc (Shi et al., 2011).
Biotic Reduction of TcVII
Because reduction of TcVII is a precursor of the precipitation of TcIV, it is
considered a very influential event for Tc in soils. This could occur in a directly or
indirectly biotic manner via soil bacteria. Sulfate-reducing bacteria have been
extensively studied for the direct biotic reduction pathway. For example, Geobactor
sulfurreducens is known to reduce TcVII to TcO2 by a hydrogen-dependent enzymatic
route (Lloyd et al., 2000). These specific bacteria were able to produce the insoluble TcIV
oxide at the cell boundary. Another sulfate-reducing bacteria, Desulfovibrio
desulfiiricans, was also found to enzymatically reduce TcVII to either TcO2, Tc(OH)n, or
TcO(OH)2 (Lloyd et al., 1998). These compounds were observed exclusively in the
presence of hydrogen in the bacteria cultures. Direct reduction of TcVII can also be
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accomplished by Fe reducing bacteria, such as Geobacter metallireducens and
Shewanella putrefaciens (Lloyd and Macaskie, 1996). A third bacteria category,
Escherichia coli, reduces Tc enzymatically with the hydrogenase component involved in
formate or hydrogen reduction (Lloyd et al., 1997).
The sulfate-reducing bacteria G. sulfurreducens can also reduce TcVII indirectly
(Lloyd et al., 2000). This proceeds by the reduction of aqueous FeIII citrate to FeII and the
concomitant shuttling of electrons to TcVII. The reaction has a lower overall rate
compared to the enzymatic route, and is associated with cellular acetate levels. However,
when the electrons from this reaction are shuttled by the humic analog anthraquinone2,6-disulfonate (AQDS), the reaction rate increased by two orders of magnitude, with
complete TcVII reduction and magnetite formation. Another way indirect reduction
happens is when an element that has been reduced by bacteria is then involved in Tc
reduction. This was seen in an investigation on the impact of biologically reduced FeIII
on TcO4- in natural sediment situations, which showed that bioreduced sediments (via S.
putrefaciens) showed high TcO4- reduction (~95-99%) compared to unreduced sediments
(Fredrickson et al., 2004). In fact, unreduced sediments saw as much as 75%
resolubilization of TcO2∙nH2O. While TcO4- reduction has been positively correlated
with the concentration of sediment-associated biogenic FeII, there are drawbacks to
biogenic FeIII. In natural conditions FeIII exists predominately as an insoluble oxide,
which would limit the potential of many reduction reactions (Lovley, 1991). Also, if FeIII
is within interlaminar sediment spaces, i.e., if it is in between the layers as opposed to the
rock fragment surfaces, it will be less bioavailable due to the physical protection
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mechanism against the bacteria, hence reduction would not occur (Fredrickson et al.,
2004).
Soil bacteria may indirectly be responsible for TcO4- reduction by producing H2S
gas in Japanese rice paddy fields. Bacteria such as D. desulfiiricans can precipitate TcVII
as extracellular Tc2S7 in the presence of H2S (Lloyd et al., 1998). The paddy fields
remained waterlogged for 52 days, during which TcS2 may form due to H2S, and the
anaerobic conditions of the soil water also provided appropriate conditions for the
formation of TcO2 or TcO(OH)2 insoluble species (Tagami and Uchida, 1999).
Evaluation of air-dried soil determined that the majority of the reduced Tc species did not
reoxidize. After reduction the insoluble species are thought to sorb to the soil sediments,
which may prevent remobilization once oxidizing conditions are reintroduced.
Reoxidation may take place slowly in part from fixation of reduced phases with organic
matter. Another study also drew the conclusion that the reversibility was not complete in
post-flood conditions (Haudin et al., 2011). The biotic reduction of Tc, whether direct or
indirect, ultimately leads to a lower bioavailable fraction. Indirect reduction will be
favored when Tc is at ultra-trace concentrations since direct enzymatic reduction is not
efficient at such low concentration levels (Begg et al., 2007).
Abiotic Reduction of TcVII
While some of biotically mediated reductions of TcVII provide insight in
understanding the complex redox chemistry of Tc in heterogeneous environment,
abiotically driven geochemical reactions cannot be ignored. One of the most significant
abiotic reductions has been observed with magnetite. In a comparison of the reduction of
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TcO4- in fractures in granite (FeO: 1.22 wt. %, Fe2O3: 1.22 wt. %), hornblende
(Ca2Mg4FeIII0.25Al0.75(Si7AlO22)(OH)2), and magnetite (FeII,FeIII2O4), it was shown that
magnetite will yield the most efficient kinetic reduction (Cui and Eriksen, 1996; Cui and
Eriksen, 1996). The kinetic rate constants increase slightly from hornblende to granite,
followed by an order of magnitude increase with magnetite. This reduction occurs
because of FeII present in the minerals and igneous rocks. The low band gap of magnetite
(0.1 eV) enables fast electron transfer to TcO4- during FeII oxidation. Subsequent
TcO2∙nH2O precipitation then occurs on the surface of the mineral. As solution pH and
ionic strength increases, the rate constants become less favorable. In a different study,
~50 % of TcVII was reduced to TcIV by magnetite in neutral to alkaline conditions
(Geraedts et al., 2002). While favorable reductive kinetic rates are found with solutions
containing FeII precipitates or mineral solid phases, the reduction of TcO4- in FeII solution
(pH ≥ 7) is not considered kinetically possible. Solid phases have higher electron density
and are envisaged to be the dominant mechanism of reduction of pertechnetate in the
presence of ferrous iron, such as in the environment of a bedrock repository.
Reduction of TcVII was also studied with FeII adsorbed to hematite (Fe2O3) and
goethite (FeO(OH)) minerals at the solid-water interface (Peretyazhko et al., 2008). As
FeII was oxidized, the reduction of TcVII occurs rapidly and more FeII was absorbed.
Sorbed FeII on crystalline FeIII is an order of magnitude faster than FeII (aq).
Furthermore, TcVII reduction associated with sorbed FeII increased with more basic pH
values. The reduction products on both minerals were TcO2 monomers and dimers that
contained FeIII in their second coordination shell. Another study showed an interesting
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combination of abiotic and biotic mechanisms when FeIII reducing bacteria and magnetite
enhanced Tc sorption as magnetite nanocrystals are formed by the bacteria (Lloyd et al.,
1999; Sparks et al., 1990). Other than the iron minerals discussed, there are not many
minerals with such favorable Tc reduction. While the amount is less, reduction has been
detected with pyrite and bentonite with iron additives. Under neutral to alkaline
conditions with HS, the reduction ofTcO4- by pyrite (FeS) over 9 days was minimal
(0.01-13% TcIV), while synthetic FeS over 20 days was only slightly higher (19.5% Tc IV)
(Geraedts et al., 2002). In the presence of bentonite with Fe and FeS additives, TcO4was reduced to either TcO(OH)2 or TcO2∙nH2O, which both formed precipitates in
solution under anaerobic conditions (Vinšová et al., 2006). This reduction was not
complete over 6 h, although complete reduction over that time period was seen with pure
Fe and FeS systems. The iron additives, if present as 1% of the bentonite mixture
solution, were capable of reducing Tc with Kd values at over a 90% yield. It is clear that
iron minerals will play a strong role in Tc reduction in soils.

1.7 Remediation Technologies
The reprocessing plants in the United States, the Savannah River Site (SRS) in
South Carolina and the Hanford Site (HS) in eastern Washington, house 80 million
gallons of waste from the cold war (Lukens et al., 2007). This waste is separated into a
high-activity stream, which has high levels of radioactivity at a low volume, and the lowactivity waste stream with opposite proportions. The high level waste (HLW) stream was
orinally planned to be stored at the Yucca Mountain waste repository while the low level
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waste (LLW) stream is processed at the sites. At the HS, Tc in the LLW stream is
converted into glass, while SRS stabilizes it in a cementitious waste form (CWF). The
focus of this review is chemistry and involvement of the latter method, in addition to a
brief overview of other remediation technologies: vitrification, alloys, and ruthenium
isotopes.

Cementitious Waste Forms
Cement is used at length to immobilize Tc and other radioactive waste forms. The
technique is driven by the chemical stabilization of TcIV (i.e., reduction of TcVII to TcIV)
rather than physical entrapment (Langton, 1987). Cement material is available at a low
price, produced with strict regulations, and is tolerant and durable in the low temperature
geochemical environment (Atkins and Glasser, 1992). Furthermore, the CWF process is
practical for its low temperature requirements, avoiding the occurrence of the volatile
Tc2O7 compound (Shuh et al., 2000). However, any 99Tc in CWFs could be potentially
released as pertechnetate anion into the subsurface environment by mass flow and/or
diffusion (Mattigod et al., 2009). Several factors that have been considered in preventing
the Tc release are: the success of Tc reduction in the CWF, stabilization of immobile
speciation over time, and long-term resiliency and weathering of CWF. One major
drawback of the CMF remediation technology is its porous nature that allows the
diffusion of air and or oxygenated ground or porewater, which in turn promotes the
oxidation and subsequent remobilization of Tc reduction. To better understand the
success and challenge of the CWF remediation technology, the composition of CWF,
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chemical speciation of Tc and redox analogues (Cr, and Re), and leaching mechanisms
are discussed below.
Composition of Cementitious Waste Forms
The composition of various blend ingredients that are typically used in
geochemical mixtures is critical in immobilizing Tc in CWFs. A substantial amount of
research has been conducted in regards to the immobilization potential of cement and
modified cement to explore those properties that may alter the chemical binding
potential.
Portland Cement (PC) is used in concrete, mortar, stucco and non-specialty grout,
and is often the base ingredient for a common cementitious mixture. The production of
PC occurs under oxidizing conditions, but the oxidation potential is modified quickly as
other species are introduced to the blend (Atkins and Glasser, 1992). Analysis of the
samples used in the Saltstone Processing Facility (SPF) at the SRS indicates that the
cement is microporous and has irregular particles (Harbour et al., 2006), and oxide
mineralogy is dominated by CaO, followed by SiO2 and then Al2O3 (Harbour et al., 2006;
Gilliam and others 1990). The CaO content is known to serve a superior buffer capacity
to maintain alkaline pH ~12 (Angus and Glasser, 1985; Atkins and Glasser, 1992) The
amount of Al2O3 in the mixture must be limited because of its tendency to expand when
in contact with sulfate-containing brines, which are often found in cement matrices. The
resultant swelling of such a reaction could lead to cracking and a negative effect on
immobilization potential. A high heat of hydration could also lead to cracking in the
cement (Atkins and Glasser, 1992). It is not recommended to have a high concentration
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of organic material, which is used as a grinding aid, in PC since it prevents the important
reduction reaction of TcVII with reducing agents in CFMs.
Another important characterization of PC is the redox potential, Eh. The pore
fluid in a typical PC has an Eh of 82 mV; this value can be slightly lowered by the
addition of FeII and significantly lowered with S2- (Angus and Glasser, 1985). When Tc is
only contained in PC with a salt solution there is a minimal or nonexistent reducing
effect. Some chemicals that show little or no reduction with Tc include FeO, Fe3O4, and
Mn3O4 (Allen et al., 1997).
The redox potential can be reduced by adding blast furnace slag (BFS), which is a
smelting by-product, as it has an Eh of -315 mV (Angus and Glasser, 1985). Measured Eh
values for saltstone mixtures with 90, 45, and 17 wt. % BFS were -584, -498, and -361
after four days in an anaerobic glovebox under a N2(g)/H2 (g) mixture (Kaplan et al.,
2011). The BFS is often used to reduce Tc because it provides ferrous iron (Fe II),
reduced sulfur compounds (e.g., S2-), and MnII (Gilliam et al., 1990). The redox potential
is generally controlled by the sulfur compounds in BFS and is not easily modified by
other species (Angus and Glasser, 1985; Atkins and Glasser, 1992). The sulfur speciation
of BFS includes S2-, S2O32- (also a powerful complexing agent), and SO42-, with the latter
species present with lower pH and further progression of oxidation (Angus and Glasser,
1985). As a good reducing agent, the BFS may compromise up to 90% of
immobilization matrices, although it is effective at lowering Eh at 75% composition
(Angus and Glasser, 1985; Gilliam et al., 1990). One initial study has shown that samples
with a higher BFS content (~50 wt. % or higher) will have a high Tc sorption rate
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initially that will increase with time. It has been proposed that BFS can retain the
strongly reducing conditions in CWF, and the only diminishing pathways are weathering
of the matrix or oxygen uptake (Angus and Glasser, 1985). It is also clear that the sulfur
dissolution of the BFS increases with curing times of CWF samples (Um et al., 2011).
Fly ash (FA) is another common additive to the CWF and has a particle
composition that is uniform and spherical. Of the three ingredients discussed so far, FA
has the highest percentage of large particles (Harbour et al., 2006). Fly ash is the
remaining residue of coal combustion and analysis of SPF samples show the dominant
oxide to be SiO2 followed by Al2O3 and then Fe2O3 (Harbour et al., 2006). This additive
can be treated as a Newtonian fluid and is able to increase fluidity, strength, and
impermeability of cement over time, as well as lower quantity and rate of heat release
(Atkins and Glasser, 1992). A mixture of PC that is blended with BFS or FA will lower
CaO and raise SiO2 and Al2O3 content. In a blended mixture, the sorption process that is
pertinent to immobilization is dominated by the smaller pores. However, total porosity of
PC is known to decrease with increasing aging time (Atkins and Glasser, 1992).
Technetium Speciation in Saltstone
The solid state speciation of Tc in cementitious formulations is critical in
immobilizing Tc. An X-ray absorption spectroscopy (XAS) study showed that Tc was
initially reduced to TcIV and then later oxidized to TcVII within the typical cement
mixtures (Lukens et al., 2005). For this reason, many different blends of CWFs have
been studied to improve the ability to reduce pertechnetate ion for extended durations.
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The reducing agents NaH2PO2, Na2S. FeS, and Na2SO3, have been tested to evaluate the
reducing power in various cement matrices.
Using NaH2PO2 to reduce TcO4- is an effective method that will have less residual
TcO4- compared to BFS methods. The XAS analysis suggests that the reaction product is
TcO2 (Allen et al., 1997). A more useful method for reducing and retaining Tc within a
cement matrix is the addition of FeS. In a solution of BFS and FeS the TcVII was fully
reduced to TcIV, forming TcS2. However, in the presence of FA the reducing capability
of FeS is decreased. In a sample including FeS and FA, a partial reduction was observed,
leaving residual TcVIIO4- in the cement. It is possible that FA is responsible for
decreasing contact between FeS and Tc (Allen et al., 1997). This is not unreasonable
considering FA typically has more large particles than BFS or PC; such particles could
potentially act as a physical obstruction.
Another chemical that will effectively reduce TcO4- in a cement matrix is Na2S
(Allen et al., 1997; Gilliam et al., 1990). In a study using a mixture of heavy metal
sludge, water, PC, and FA, the resistance of Tc leaching was shown to be higher when
Na2S was included in the mix (Gilliam et al., 1990). This corresponds with the ability of
S2- to lower the Eh by ~400mV, resulting in the reduction of TcVII (Angus and Glasser,
1985). Similar to the previous reductant FeS, the spectroscopic analysis suggests the
formation of TcS2. Another sulfur compound, Na2SO3, has also been shown to reduce
TcVII to its TcIVO2 according to eq. 14 (Lukens et al., 2005):
2NaTcO4- + 3Na2SO3 + 5H2O  2TcO2∙2H2O + 3Na2SO4 + 2NaOH
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(14)

A DuraLith CWF was analyzed using XAS to show how TcVII was effectively
reduced with greater masses of Na2S and SnF2 (Um et al., 2011). Furthermore, the same
study also showed the most complete and prompt reduction of TcVII using a Ceramicrete
CWF that contained only SnCl2 as a reductant. The respective reductive capacities were
measured and found to decrease in the following order: BFS, Na2S, and SnCl2. The last
two chemicals are advantageous in effectively reducing TcVII, while the stronger
capabilities of BFS come at the expense of more time for effective use.
The sorption of Tc in cement waste forms is shown to increase with increasing
BFS content. Sulfur compounds, with the exception of S2O32-, have been shown to reduce
Tc; S2- results in TcS2 formation while SO32- enables TcO2∙H2O formation (Lukens et al.,
2005). Another Tc sulfide compound, Tc2S7, has been observed in CWF through XAS
(Hang and Kaplan, 2007; Um et al., 2011). It is present in small amounts but does show
a trend of increasing occurrence with prolonged CWF sample curing time, which is
attributed to increasingly dissolved concentrations of sulfide and ferrous iron from slag
over time. The results were only seen in sealed anaerobic samples; this compound is
known to be unstable in the presence of oxygen. While BFS contributes S2- to the CWF,
some studies suggest the reduction from MnII and/or FeII as the stabilizing reaction
(Langton, 1987), although Fe is relatively insoluble at the high pH levels in the saltstone
matrices (Atkins and Glasser, 1992).
Cement matrices using BFS to immobilize Tc are stable over time only with the
exclusion of oxygen (Aloy et al., 2007). When the oxidation of samples using BFS and
FA as a reducing agent was compared between samples that were sealed and samples that
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were exposed to the atmosphere, there was a sharp increase in TcO4- for the exposed
samples, whereas the sealed ones continued to have a decreased fraction of TcO4(Lukens et al., 2005). Furthermore, up to one-third of Tc has been shown to oxidize over
25 mo when exposed to air (Shuh et al., 2000). It is difficult to know how effective the
reducing capabilities of the cement waste forms will be in the storage site, considering O2
gas constitutes 21% of normal air composition (Pollutants in the Ambient Air, 2010).
One postulation is that over the half-life of Tc, the depth that the oxidation front moves
through the cementitious waste form will be small when compared to the size of the
entire CWF (Lukens et al., 2005).
One model for the oxidation front is the shrinking core model, where surface of
the cement becomes oxidized first (Performance Assessment for the Saltstone Disposal
Facility at the Savannah River Site, 2009). This oxidized region will then encroach over
time on an inner core of intact, reducing saltstone. The outer zone has oxidized TcVII
species while the shrinking inner zone maintains the reduced species. There are Tc Kd
value measurements taken under three conditions of the saltstone shrinking core model:
one in the oxidized zone, one immediately preceding the oxidized zone, and one in the
reduced zone (Kaplan et al., 2011). These measurements have shown that the sorption
mechanism in the oxidized zone is by anion exchange with Kd values of 0.8 mL/g,
whereas the sorption mechanism in the reducing zone is TcIV phase solubility with Kd
values of approximately 1000 mL/g (Kaplan et al., 2011). In the area immediately
preceding the oxidation front, Kd values of 139 mL/g have been found (Kaplan et al.,
2011).
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Rhenium Speciation in Saltstone
The variance between Re and Tc is apparent in their redox potentials. Rhenium is
more difficult to reduce than Tc and in one study was shown to withstand reduction in the
saltstone matrix (Langton and Stefanko, 2012). With BFS and FA content of saltstone at
45 wt. %, Re leaching from a saltstone matrix was observed at values up to 92%. When
Re was compared to nitrate in the same study, Re leached up to six times more than
nitrate. There is currently no clear explanation for why Re leaches more than nitrate
(Langton and Stefanko, 2012).
Chromium Speciation in Saltstone
Chromium has been studied for speciation and oxidation state in cementitious
waste forms as well. As a proposed surrogate for Tc, its retention trends are of interest.
As with Tc, the higher oxidation state of Cr exhibits more solubility and less sorption
than the reduced state. When introduced to a saltstone matrix as chromate (CrO42-) the
compound will dissolve and then be reduced to Cr(OH)3. The reduced form will
precipitate and remain stabilized at a certain depth within the saltstone. In the following
discussion, Cr is placed into cementitious materials using a simulated waste form (SWS)
of a formula that can be found in the literature (Bajt et al., 1993).
X-ray absorption spectroscopy analysis of Cr in PC showed that the vast majority,
but not all, of the Cr remained oxidized as CrO42- (Bajt et al., 1993). This is in
accordance with the nominal reduction of Tc observed in PC. In a mixture of PC, BFS,
and FA there is a significant reduction to CrIII to the form Cr(OH)3 (Lee et al., 1995).
When only BFS is used, the reduction is nearly complete with CrIII being reduced to
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CrOOH (Lee et al., 1995).
When FA is introduced into the matrix it acts as a source of MnO2, which will
oxidize Cr, the same effect is seen with Tc, which undergoes less reduction in the
presence of FA (Bajt et al., 1993). The Eh for mixtures including BFS has been measured
at values ranging between -250 to -400 mV, whereas mixtures containing FA and PC
have been measured at 450 mV (Atkins and Glasser, 1992; Gilliam et al., 1990). This is
further reinforcement that BFS is a stronger reducing agent than FA. In agreement with
Tc trends, BFS is capable of partially reducing Cr when BFS and PC are in the cement
matrix. As it is successfully reduced, it will be less soluble in the matrix.
However, when CrIII is nearer the surface of the cement waste form and exposed
to air it will oxidize and reconvert to the soluble CrO42- form. Chromium has been
shown to leach 1000x more when present in the top layer of a saltstone sample compared
to chromium that was further below the surface (Langton and Stefanko, 2012). Within a
slag saltstone sample of 14mm, Cr is stabilized in its reduced form at a depth of 7mm.
The reducing compounds in the slag are unable to keep CrIII in the reduced form when
exposed to air. The Cr near the surface will oxidize, and the reducing compounds are
unable to reduce CrVI a second time (Langton and Stefanko, 2012).
When Cr was compared to nitrate, which is at a maximum only weakly bound by
the matrix, Cr was shown to leach 1000x less than NO3-. Therefore, the Cr must be
reduced and precipitated as the low solubility solid and/or very strongly sorbed within the
matrix. In this way the behavior of Cr is similar to that of Tc within a saltstone matrix.
It has also been shown that CrO42- will diffuse rapidly once it has been leached, and has a
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much higher mobility compared to CrIII (Bajt et al., 1993; Lee et al., 1995). This
corresponds to the tendency of pertechnetate to be very mobile and diffuse quickly.
Technetium Leaching from CWF
Many of the leaching tests that are used to evaluate radionuclide stability in CWF
are conducted at saturated water or other leachate conditions, which may not realistically
simulate the conditions of potential leakage at SRS. For this reason, one study evaluated
the movement of contaminant leaching from CWF into soil half-cells (Mattigod et al.,
2009). Some implications of the study included lower Tc and Re diffusivity into soil
with higher levels of concrete carbonation and higher concentration of colloidal iron
particles. Lower diffusion rates with the presence of Fe were attributed to the reduction
of TcVII to TcIV. Diffusion from soil to concrete samples was also evaluated at different
moisture contents of the soil half-cells, and moisture conditions of 7% and 15% showed
that Tc reached equilibrium in the concrete-soil interface over 351 days, while the 4%
moisture content samples retained a marked concentration gradient over the same time
period.
Technetium generally leaches from CWF more slowly than NO3-, NO2-, Na+, and
Mo (Serne, 1990). In addition, 99Tc was seen to leach more in an intermediate
concentration range than at either higher or lower concentrations, indicating the possibly
of concentration dependent redox reactions or adsorption reactions within the CWF. An
inhibitor for Tc reduction is a high concentration of NaNO3, indicated by the decreasing
sorption of Tc with increasing nitrate ion competition (Aloy et al., 2007). Higher Kd
values for Tc were reached using FeS as a simulant compared to Fe(NO3)3, which
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confirms high Tc sorption in the presence of sulfur and lower Tc sorption in the presence
of nitrates (Aloy et al., 2007). While investigation into the mechanism of Tc oxidation in
CWFs showed that NO3- is not a major oxidizer, it does not conclude that it has no part in
the oxidation. If NO3- was a primary component of Tc oxidation, the oxidation would
occur in each part of the CWF instead of the oxidation front progression that is seen with
the oxidizer O2. However, in one report that conducted leach tests, Cr was found to leach
more slowly than Tc using groundwater and deionized water as leachants over a variety
of CWF sizes (Serne, 1990).

Natural Remediation
Research conducted at the Oklo natural nuclear reactors, which consists of surface
and subsurface reactors, in Gabon, Africa, showed that 99Tc in the reactors has gradually
decayed to stable ruthenium (99Ru). Furthermore, the subsurface reactors showed the
immobilization of 99Tc whereas the surface reactors had widespread 99Tc in the
surrounding rocks. However, the mobility of Tc was restricted in the presence of humic
acid and bitumen. With the sediment being characterized as rich in organics, a reducing
state and available sorption sites may have been the reason for the confinement of Tc
(Icenhower et al., 2010).

Vitrification
Technetium from the LLW stream of a reprocessing plant can be incorporated
into glass via vitrification. The HS and SRS utilize vitrification as a remediation method
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(Waste Treatment & Immobilization Plant Project, 2013; Marra et al., 1999), converting
waste into borosilicate glass, while the SRS also incorporates waste into cementitious
waste forms (CWF) for stabilization. As TcVII is volatile as Tc2O7, some of the volatile
compounds will not be vitrified, and are seized with off-gas treatment equipment. These
compounds must be stabilized separately in a waste form (Lukens et al., 2007). This
additional waste would be less in the vitrification of TcIV, which is less volatile; however
this is not a reality for the nuclear waste vitrification since it requires fairly oxidizing
conditions.
It has been determined that ReVII is more demanding to reduce than TcVII in
borosilicate waste glass. While TcVII and TcIV states were stable, as anticipated in the
glass waste form, only the ReVII state was stable. This study concluded that substitution
of Re for Tc in redox chemistry is only appropriate under oxidizing conditions, not under
reducing conditions (Lukens et al., 2007).

Alloys
A technology involving an alloy of Tc with stainless steel and zirconium (Zr) is a
potential disposal method. The stability of the Tc-Zr alloy is subject to the stability of the
zirconium (Zr) metal, due to its oxidation to ZrO2 occurring before Tc oxidation to TcO2
(Poineau et al., 2009).
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Nuclear Waste Transmutation
A transmutation process to convert Tc into its neighbor, ruthenium (Ru), is being
investigated. This involves a neutron capture of 99Tc to form 100Tc which will decay to
stable 100Ru very quickly (Icenhower et al., 2010). This process could be adjusted to
form heavier Ru isotopes or palladium isotopes. However, these transmutation processes
currently require more energy than is gained by the nuclear fission processes.

1.8 Research Questions and Hypotheses
Technetium (Tc) is of particular concern with regard to long-term storage because
of its long-lived radioactivity and high mobility in the environment. At the US DOE
Savannah River Site (SRS), the cement waste form (CWF) remediation technology has
been practiced to immobilize Tc from low level nuclear waste materials. The reduction
of TcVII to TcIV that was facilitated by the reducing agents in slag (e.g., reduced
iron/sulfur compounds) seems to be the key reaction path to immobilize Tc in saltstone.
While the technology has been successfully demonstrated at the SRS saltstone facility,
the long term stability of Tc in CWF remediation technology has been questioned: 1) how
fast has the oxidation front been developing in saltstone that might mobilize Tc? and 2)
how is TcVII reduced and stabilized in saltstone? Based on the questions above, and on
the literature review, the following hypotheses are formulated.


Hypothesis 1 (H1): The extent of surface (top few centimeters) oxidation
increases with aging in saltstone.

73



Hypothesis 2 (H2): The reduction of TcVII by FeII bearing mineral components in
saltstone is in part kinetically controlled by the composition of saltstone pore
waters.
H1: The recent shrinking core computer model predicted the development of a

sharp boundary that consisted of oxidized outer layer (few centimeters in depth) of
concrete surrounding a shrinking core of reduced intact saltstone (Smith and Walton,
1992). The model prediction can be strengthened by detailed chemical speciation data. To
fully understand the development of oxidation front processes in saltstone systems, I
investigated the mobility, chemical speciation, and spatial distribution of redox/chemical
surrogate for Tc, Cr and Re. The redox potentials of Cr and Re capture the upper and
lower boundaries of Tc redox potentials at the alkaline pH of saltstone. Therefore, they
are useful in understanding the chemical state of Tc in saltstone.
To test hypothesis 1, the degree to which desorbable Cr and Re are removed from
bulk saltstone powders was investigated as a function of depth and pore water
composition (Task 1). Batch and desorption experiments were coupled with Cr and Re
speciation using synchrotron based X-ray techniques to better elucidate the labile Cr/Re
speciation.
H2: It has been suggested that ferrous and sulfide components in slag are likely
reducing agents for TcVII in the CWF. While sulfur-containing reductants are well-known
electron donors for Tc in CWFs (Allen et al., 1997; Gilliam et al., 1990; Lukens et al.,
2005), their quick transformation to oxidized species has been documented in CWF
studies e.g., (Powell et al., Draft; Roy, 2009). In Chapter 2, a ferrous iron bearing model
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mineral in slag, magnetite, was used to study the reduction/oxidation kinetics of
chromate. The changes in chemical state of Cr under simulated saltstone pore water
systems are especially important in understanding the boundaries of Tc reduction and
oxidation kinetics.
To test hypothesis 2, the research in Chapter 3 is to investigate the kinetics of
chromate reduction by synthetic magnetite in artificial cement pore waters under oxidized
conditions (Task 2). The reaction products in aqueous and solid phases were
characterized using ICP-MS and X-ray absorption spectroscopy.

1.9. Research Objective and Tasks
The objective of my study was to assess the redox chemistry of Cr and Re in field
aged saltstone and in simulated saltstone pore water solutions. Through leaching tests,
batch sorption/redox experiments, and molecular scale chemical speciation analyses, I
gained insight in Cr/Re redox geochemistry in saltstone that is applicable to the current
Tc remediation saltstone facility at SRS. The research outcome can constitute part of the
answer to the question: what is the long term stability of Tc in CWF remediation
technology? Furthermore, the information will aid in improving the future saltstone
formulations in the CWF Tc remediation technology. Hypotheses, major and sub-tasks
and expected results in each chapter are summarized in Table 1.2.
Task 1: Investigating the development of oxidation front in field aged saltstone
samples
Saltstone samples were analyzed using anaerobic indirect macro scale leaching
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tests as along with a direct micro scale evaluation: synchrotron based X-ray microprobe
analysis. Leaching test results gave information about the redox status of technetium in
saltstone and the potential for the progression of an oxidation front through the samples.
The spectroscopic analysis was used to assess the solid state speciation of Cr and Re in
saltstone.
Task 2: Investigation of Chromate Redox Kinetics in Magnetite
Assessing the reduction kinetics of chromate in magnetite through batch
redox/sorption experiments were used to explicate the role of FeII bearing minerals for Tc
redox chemistry. The focus of this chapter is on the redox kinetics and the stability of
reduced CrIII compounds in cement pore solutions.
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Classification Metals, Ions, Molecules (Acids)
H+, Li+, Na+, K+, Mg2+, Ca2+,
Hard
Sr2+, Sn2+,Ti3+/4+, Zr4+, Cr3+,
Mn2+, Fe3+, Co3+, Al3+, Si4+, Th4+

Ligands (Bases)
NH3, N2H4, RNH2, NO3-, NCSH2O, OH-, O2-, H2O2, ROH
CH3COO-, CO32-, NO3-, SO42-, PO43F-, Cl-, ClO4-, (TcO4-), (ReO4-),

VO2+, MoO3+, UO22+
Intermediate

Fe2+, Co2+, Ni2+, Cu2+, Zn2+,
Ru2+, Rh3+, Ir3+, Au3+
Pb2+

HRSH, RS-, R2S, R3P, RNC, S2-, S22-,
S2O32CN-, CO, Cys, RITable 1.1. HSAB classification of transition metals and their ligands.
Ions in parenthesis are known to have hard or soft character, but may not be officially
recognized as a hard or soft acid. See Technetium: Organometallic Chemistry (2005),
Ahrland et al. (1973), and Köstlmeier et al. (1997). Adapted from McBride (1994) and
Roat-Malone ( 2002) Modified after Pearson (1968).
Soft

(Tc4+), (Re4+), Pd+, Pt2+, Pt4+,
Cu+, Ag+, Cd2+, Au+, Hg+, Hg2+,
Hg22+

NO2-, N3-, N2
C6H5NH2, C5H5N, SO32Br-
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Figure 1.1. Activation energy is shown for the formation of surface complexes via a
more reversible pathway (ΔHa) and a less reversible pathway (ΔHb). Adapted from
McBride (1994).
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CHAPTER TWO
ASSESSMENT OF REDOX FRONT DEVELOPMENT IN SALTSTONE

2.1 Abstract
Technetium (99Tc) (t1/2 = 2.11 x 105 y) is a radioactive constituent of nuclear and
plutonium waste products stored at the saltstone facilities at the Savannah River Site,
Aiken, SC. The cement waste form (CWF) remediation technology has been
demonstrated to stabilize soluble TcVII via reductive precipitation. To assure the long
term stability of TcIV species in CWFs, 1) the progression of oxidizing zone and 2)
effects of artificial cement porewaters (deoxygenated Ca(OH)2 and oxygenated CaCO3
solutions to simulate the porewaters in young and old cement, respectively) on the release
of Cr/Re (surrogate for Tc) were evaluated in field aged (<300 days) saltstone monoliths.
Specifically, leachability of Cr and Re and their valence state were assessed using depth
discrete leaching tests and synchrotron based X-ray microprobe techniques, respectively.
X-ray microprobe analysis indicated the heterogeneous distribution of insoluble CrIII and
soluble ReVII species in saltstone. There was no apparent trend in the release of chromate
(CrVIO42-) and perrhenate (ReVIIO4-) as a function of depth (up to few cm). However, the
oxygenated leaching solutions drastically enhanced the Cr release, raising concerns about
the O2 sensitive redox reactions that might be occurring in saltstone. Overall, our findings
do not clearly suggest the progression of an oxidation front in field aged (<300 days)
saltstone. Under the assumption that the reduction capacity of saltstone for CrVI is
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sufficient for TcVII, then aging times less than 300 d should not greatly impact the release
of Tc from the saltstone facilities as long as O2 diffusion is prevented.

2.2 Introduction
In 2009, 36 million gallons of liquid nuclear waste was in storage at the Savannah
River Site (SRS) in Aiken, SC (Defense Waste Processing Facility, 2009). The waste
contains the radionuclide technetium (99Tc) from nuclear power plant fuel rod disposal
and plutonium production from the Cold War (EPA Facts About Technetium-99, 2002;
Icenhower et al., 2010). Technetium-99 mandates an elevated level of concern for longterm non-hazardous storage due to its conservative behavior in water, high mobility in
soils, and half-life of 2.11 x 105 y. While toxicological data on Tc are inadequate, certain
levels of exposure to ionizing radiation can lead to cancer, leukemia, and genetic and
teratogenic effects.
During waste removal, contaminants are reprocessed into high-level waste
streams (HLW) and low-level waste streams (LLW). Technetium is a key risk driver in
caustic LLW, which stored in steel tanks (Langton et al., 1988). During reprocessing, Tc
is transformed into the pertechnetate anion (TcO4-) and incorporated into cementitious
waste forms (CWF) for stabilization. Such a remediation method is appealing due to low
cost, strict production regulations, permanence, and low temperature levels during
manufacture (Atkins and Glasser, 1992). An effective CWF called ‘saltstone’ is in use at
SRS; it has a standard composition of 6% type 2 portland cement, 25% fly ash, 25% slag,
and 45 wt.% salt solution(Website Data , 2013). Blast furnace slag (BFS) is incorporated

97

for its ability to increase strength, decrease porosity, and create a reducing environment
(Langton, 1987). Complete saltstone mixtures are taken to the Saltstone Disposal Facility
(SDF) and placed into concrete vaults (Cook et al., 2005). Currently, two rectangular
near-surface vaults are in-use, while cylindrical units, which are up to ten times larger,
are the most recent design for permanent disposal on-site (Saltstone Disposal Units,
2013). The saltstone cells within the vaults are covered by two feet of uncontaminated
grout reaching to the vault roof for effective closure.
The saltstone remediation technology was developed to dispose of LLW in the
subsurface environments. Ion release is prevented by reduction-precipitation of highly
soluble TcO4-. Both iron (Fe2+) and sulfur (S0, S2-) species within CWF have been
considered as important electron donors to reduce TcVII to TcIV , resulting in the
formation of TcIV-sulfur and or -hydrous oxide species (Allen et al., 1997; Angus and
Glasser, 1985). While TcO4- is highly soluble, the compounds TcS2 and TcO2 ∙ H2O have
lower solubilities and are less mobile within the cement matrix. Furthermore, TcO2 (Um
et al., 2011), TcS2 (Allen et al., 1997) and Tc2S7 (Lukens et al., 2005) have been
documented in CWF. The success of CWF remediation is dependent on the stabilization
of Tc via reduction to prevent diffusion resulting from ground or pore water contact, and
the long-term resiliency and weathering of saltstone. Consequently, the reducing
environment within saltstone is imperative for effective containment, as oxygen diffusion
into the cement matrix could result in rapid oxidation of TcIV species to TcO4-. If this
occurs, soluble TcO4- is likely to diffuse through pore fluid and microcracks, leading to a
drastically increased leaching rate and future containment difficulties (Kaplan et al.,
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2011; Mattigod et al., 2009). Therefore, understanding the rate and mechanism of
oxidation in saltstone has been of great interest to DOE.
Thus far, most studies have used indirect approaches (e.g., chemical extraction
and leaching tests) to investigate the progression of oxidizing zone as a function of time
in cement matrices for both Tc and Cr (Almond et al., 2013; Langton et al., 2013;
Langton, 1987). In addition, several reductive transport modeling approaches have also
been used to determine the reducing capacity of saltstone over time (Hang and Kaplan,
2007; Smith and Walton, 1992).
A bench mark leaching field test conducted at the SRS showed that 0.0351
cumulative fraction of Tc was leached over ~ 3.5 mo in slag-saltstone (Langton, 1987). In
chromate amended saltstone studies, the field simulated oxic conditions facilitated the
progression of the oxidizing zone up to 7 mm after ~ 1 mo (2 x 10-4 – 0.17 fraction Cr
leached) (Langton and Stefanko, 2012), 20 mm after ~ 4 mo ( up to 0.06 fraction Cr
leached) (Langton et al., 2013) and 50 mm after ~10 mo (up to 0.04 fraction Cr leached)
(Almond et al., 2013).
Furthermore, a two-dimensional reactive transport model was used to predict the
Tc retention capacity in a saltstone block (Hang and Kaplan, 2007). The results showed
that ~15.8% of the reduction capacity would be exhausted after 213,000 yrs. Hang and
Kaplan (2007) later discussed that their estimate is in agreement with the results of
empirical diffusion modeling coupled with X-ray absorption spectroscopy analysis
(Lukens et al., 2005).
There are some inconsistencies in describing the reducing capacity of saltstone
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between the results of leaching tests and modeling. The fraction of reduced Cr and the
reduction capacity of saltstone samples have been measured concomitantly and there was
no correlation (Almond et al., 2013). It was noted by the authors that reduction capacity
may not be suitable for understanding long-term performance of the respective system.
For this reason, it is difficult to predict the rate of oxidation in saltstone Tc remediation
technology. To reduce uncertainties, more direct chemical speciation data would be
useful to support the macroscopic leaching data and modeling.
The objective of my study was to evaluate 1) the progression of oxidizing zone in
field aged saltstone monoliths and 2) effects of artificial cement porewaters
(deoxygenated Ca(OH)2 and oxygenated CaCO3 solutions to simulate the porewaters in
young and old cement, respectively) on the release of Cr/Re (surrogate for Tc) using
conventional leaching tests and synchrotron based X-ray microprobe analysis. Both Cr
and Re have similar solubility trends with Tc. The reduction from CrVI/CrIII and
ReVII/ReIV result in precipitation, lowering the solubility of the metals. The couples
CrO42-/Cr(OH)3, TcO4-/TcO2, and ReO4-/ReO2 have Eh values of -0.11 V, -0.36, -0.595 V,
respectively (Bard et al., 1985; Magee and Cardwell, 1974). These values have two
indications, the first being Tc is more difficult to reduce than Cr; therefore subsequent Cr
reoxidation in saltstone will occur before Tc. Second, in the case of complete initial
reduction of Re in saltstone samples, subsequent oxidation would indicate that conditions
are present that would oxidize Tc samples. The foundation of this redox chemistry has
provided an entrapment of Tc oxidation where the vulnerability of Tc to O2 content
within saltstone samples can be estimated using Cr and Re samples. It should also be
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noted that Cr is a suitable redox analog for Tc, while Re is a more convincing chemical
analog (Darab and Smith, 1996; Kim and Boulègue, 2003; Peacock, 1966).

2.3 Materials
All reagents were prepared in degassed distilled deionized (DI) MilliQ water
(18.2 MΩ) using ACS grade chemicals unless otherwise mentioned. Metal amended
saltstone samples were prepared using sodium chromate and sodium perrhenate (total
metal concentration: 500 mg/kg and 1000 mg/kg) at the Savannah River National
Laboratory in Aiken, SC (personal communication, Daniel Kaplan). Samples (dimension:
height: 4 in diameter: 1 in) are listed in Table 2.1. Sample preparation is described in
detail in the work by Almond and co-workers (Almond et al., 2012), and the simulant
mixture used for saltstone samples is shown in Table 2.2. The simulant was mixed with
45% BFS, 45% Class F FA, and 10% ordinary PC and samples were cured in
polypropylene cylinders in a humid chamber for one to three weeks. The samples were
transferred to the Z-area at SRS for field aging in a closed chest with an open container of
water inside.
All aqueous standards were prepared using the NIST traceable ICP-MS
standards ammonium dichromate (1000 ppm Cr in 3% nitric acid, 99%, Ricca Chemical
Company), ammonium perrhenate (1000 ppm Re in H2O, 99%, Ricca Chemical
Company), and nitrate (1000 ppm NO3-, Beckman).

101

2.4 Methods

Segmentation and Leaching Tests
Saltstone samples (Figure 2.1) were handled inside of a N2 filled anaerobic glove
chamber using a 5% H2 and 95% N2 gas mixture. Each monolith was drilled in
approximate millimeter increments using a Dremel 200 Drill (2 speed rotary tool)
equipped with a tungsten carbide drill bit. It was vertically mounted on a Dremel factory
stand (Figure 2.1) (Dremel 220-01 Rotary Tool Work Station) to ensure the accuracy of
drilling depth. Depth was measured by inserting a ruler into the hole and measuring from
the top of the sample. A 1.5 cm wide hole was drilled in the center of the samples to a
depth of 3 cm. Ground powder was collected at each increment and further ground in a
Diamonite mortar and pestle. This process is represented in Figure 2.2. Then ~ 0.5g
powder samples were transferred into two Nalgene Oak Ridge High-Speed Centrifuge
tubes. The tubes contained 15mL of two different leachate solutions (i.e., 0.001 M CaCO3
prepared in oxygenated MilliQ water, and 0.017 M Ca(OH)2 prepared in boiled/degassed
MilliQ water). Tubes were shaken on an end over end shaker at 26 rpm for 24 hrs. The
samples were then removed from the glove chamber and centrifuged at 10,500 rpm for
eight min. The centrifugation method was sufficient to remove cement particles with a
hydrodynamic radius greater than 100 nm to be removed from the supernatant
(calculations based on Stokes’ law). Approximately 10 mL of leachate will be collected
and filtered through a 0.2 µm polyvinylidene fluoride (PVDF) filters. Filtrates were
analyzed for total CrVI and ReVII using the methods described below. Nitrate levels in the
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filtrates were also determined since nitrite in saltstone could react as a reducing agent and
as a result be oxidized to nitrate.

CrVI Spectrophotometric Determination
The s-diphenyl carbazide UV-Vis (Ultraviolet-Visible) spectrophotometric
method (Bartlett and James, 1979; Fendorf, 2003) was used to analyze the filtrate for
total hexavalent Cr. Standard curves (Figure 2.3) were made using the CrVI ICP-MS
NIST traceable standard.
ReVII Spectrophotometric Determination
For all Re leachates, 2 mL from each sample were diluted with 3 mL MilliQ H2O
and 5 mL 2% Suprapur® Nitric Acid. Samples were analyzed using an inductively
coupled plasma mass spectrometer (ICP-MS) Thermo Scientific X Series 2 that was
calibrated (Figure 2.4) using a ReVII NIST traceable ICP-MS standard.

Nitrate Spectrophotometric Determination
Nitrate levels in the leachate were determined by the method described in
Cataldo et al. (1975) (Cataldo et al., 1975). A 0.1 mL aliquot was taken from each
leachate solution and transferred into scintillation vials, then 0.4 mL of 5% salicylic acid
was added. The 5% salicylic acid reagent was prepared by dissolving sodium salicylate
in H2SO4. After cooling, 9.5 mL of 1.7 M NaOH was added and allowed to cool for an
additional 30 minutes. Samples were transferred into cuvettes, inverted three times, and
analyzed at 420 nm on a Milton Ray Spectrometer 20+. Total nitrogen in powder
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samples was analyzed using an Elementar Vario Macro (Elementar Americas, Mt. Laurel,
NJ).

Synchrotron Based X-ray Microbe Analysis
The micro synchrotron X-ray fluorescence (SXRF) measurements of saltstone
samples were performed at beam line 2-3 at Stanford Synchrotron Radiation laboratory,
Menlo Park, CA. Saltstone chips (W: 2cm x H 3 cm x D: 0.5cm) were separated from
two monoliths using a utility knife and a cement saw in an anaerobic chamber. The Cr
and Re monoliths were 1000 mg/kg and aged approximately 4.5 and 12 mo., respectively.
This process is represented in Figure 2.2). Each chip was mounted in a custom made
flow cell that was sealed with 8m Kapton tape. The outlet and inlet tubing of gas flow
cells were clamped with alligator clips to trap N2 gas. Each cell was individually sealed in
a Mylar bag with oxygen scrubbers. Chromium and valence state map measurements
were conducted using a 7-element Ge solid-state detector. The energy calibration was
performed at 5989 eV using a Cr foil and at 10,534 eV using sodium perrhenate salts.
The Re reference was freshly prepared using ACS grade sodium perrhenate salts prior to
the experiment. Beam size and dwell time were 3(H) x 5(V) m, and 200 ms/pixel,
respectively. Selected absorption edge energies are 5993 eV for CrVI, 6003 eV for CrIII,
6010 eV for total Cr. For the Re samples, the following energies were chosen: 10543 eV
for ReVII, 10540 eV for ReIV, 10539 eV for ReIV-S, 10560 eV for total Re.
Chromium K-edge and Re L3-edge micro X-ray absorption near edge structure
spectroscopy (XANES) measurements were performed at regions selected from valence
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state maps. Three to four X-ray absorption near edge structure spectra were collected up
to 50-200 eV above each absorption energy in fluorescence mode using a Canberra 9element Ge Array detector. To facilitate the analysis of microfocused XANES spectra,
XANES spectra of reference compounds (ACS grade sodium chromate, chromium (III)
oxide, sodium perrhenate, rhenium dioxide (ReIVO2), and rhenium sulfide (ReIVS2)) were
also collected in transmission mode at ID-12 at Advanced Photon Sources, Argonne, IL.
All salts were freshly ground and trapped in kapton tape. Chemical composition maps
and XANES spectra were processed using Smak and Sixpack (Webb, 2012a; Webb,
2012b)

2.5 Results and Discussion

Chromate and Perrhenate Leaching Tests
Overview
Figures 2.5 and 2.6 show the results of leaching tests. The data were normalized
with respect to [Cr/Re]total added during the saltstone preparation. The following two
leachate solutions (0.017 M Ca(OH)2 at pH 11.3-11.42 ± 0.02 and 0.001M CaCO3 at pH
8.25 ± 0.02) were used to simulate the initial and aged (thousands of years) saltstone pore
water conditions, respectively (Criscenti et al., 1996; Krupka et al., 2012).
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Chromate Leachability as a Function of Depth
If one assumes the oxidation of Cr in saltstone is preceded by oxygen diffusion at
shallow depth, two half-reactions (eq. 1 and 2) can be suggested in alkaline cement pore
waters. Accordingly the overall reaction can be written as follows (eq. 3):
4Cr(OH)3(s) + 20OH-  4CrO42- + 16H2O(l) + 12e-

(1)

3O2(g) + 6H2O + 12e-  12OH-(aq)

(2)

4Cr(OH)3(s) + 8OH- + 3O2(g)  4CrO42-+ 10H2O(l)

(3)

Using the average redox potential (+36 mV) at the surface of saltstone reported in a
similar saltstone study (Kaplan and Coates, 2007), the ΔG of the reaction is estimated to
be -156 kcal, indicating that this reaction is thermodynamically favorable. Based on the
thermodynamic calculation, one should expect to see Cr released if oxygen diffused into
saltstone. However, this was not the case, which is evidence that oxygen did not diffuse
into the saltstone.
The Cr leaching data (Figure 2.5A and C) are shown as a function of leached Cr
(%) vs. increasing drill depth up to nearly three cm. The amount of Cr release was less
than 20% of the total Cr at all depths and for both the 500 and 1000 mg/kg samples. The
degree of chromate leaching was drastically decreased with increasing depths in both
saltstone systems. When the CaCO3 solutions were used as a leachate solution, the
difference was more pronounced than the Ca(OH)2 solution. The % Cr leached decreased
from 20% to 10% with increasing depth from 0 to 5 mm in the Cr 500 mg/kg sample
(Figure 2.5A), while % Cr leached decreased from ~4 to 2% with increasing the depth
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from 0 to 10 mm in the Cr 1000 mg/kg sample (Figure 2.5C). While decreased chromate
leaching was observed with increasing depth, the decrease in total chromate leached was
not enough to warrant the presence of an oxidation front in either sample. To affirm an
oxidation front in the matrix, micro and macro scale analyses must mutually determine
higher levels of CrVI in the top section of the saltstone samples. Additionally, there were
spikes in the data, suggesting heterogeneity of the sample matrices, where Cr may have
concentrated in certain segments of the saltstone. Such heterogeneity of Cr incorporation
has been previously observed in calcium silicate hydrate (C-S-H), one of the components
in original PC (Omotoso et al., 1998).
Effects of Chemical Composition of Leaching Solutions
The range of chromate leaching in both 500 and 1000 mg/kg samples reflects the
higher Cr leaching levels in the oxygenated CaCO3 solutions, with 2.70 – 20.18% vs.
0.48 – 6.13% in Cr 500 mg/kg and 0.77 – 4.40% vs. 0.02 - 1.58% in Cr 1000 mg/kg for
CaCO3 and Ca(OH)2 leachate solutions, respectively (Figure 2.5). It is clear that the
chromate leaching levels in the CaCO3 leachate are generally greater than the levels in
the Ca(OH)2 at the depth of 0-30 mm. For the chromate leaching from the Cr 500 mg/kg
sample, the average leached at all depths was 3.51% less for the Ca(OH)2 compared to
the CaCO3 leachate. In the Cr 1000 mg/kg sample, the difference in chromate leaching
between leachate solutions was less severe at 1.58%.
The retention of Cr in saltstone is expected through reductive precipitation
reactions. It is well documented that the reduction of CrVI would lead to the formation of
stable CrIII oxyhydroxide phases (e.g., Cr(OH)3, (Crx, Fe1-x)(OH)3(s)) at pH range ~6-12
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(Davis and Olsen, 1995; Papassiopi, 2012). Our synchrotron based microprobe data also
show the presence of CrIII phases in the saltstone (see the section below). If one assumes
the presence of Cr(OH)3 in saltstone, the following leaching mechanisms can be
suggested to support the experimental evidence above. They are 1) oxidative dissolution
of CrIII precipitates in the oxygenated CaCO3 solutions and 2) Ca enhanced co-sorption of
CrVI in the degassed Ca(OH)2 solutions.
The oxidative dissolution of Cr(OH)3 is likely facilitating the release of CrVI in
the oxygenated 0.001M CaCO3 system. Under oxidizing conditions, it has been reported
the accelerated dissolution of Cr(OH)3 occurs via oxidation of CrIII to CrVI (Lee and
Hering, 2005).
Dissolved Ca may facilitate the retention of CrVI in alkaline soils
(Avudainayagam et al., 2001). The activity of Ca2+ in the Ca(OH)2 solution herein was
estimated at 8.34∙10-3, which is greater than that in the CaCO3 leaching solution (7.55 ∙
10-4) . This difference in Ca2+ activity indirectly suggests the enhanced CrVI sorption
might have been occurring in saltstone mineral components (e.g., gypsum, hydrotalcite
tri- and di-calcium silicate, tricalcium aluminate and calcium silicate hydrate) (Cozzi and
Duncan, 2011), resulting in less CrVI release in the degassed Ca(OH)2 solution.
In addition, pH dependent dissolution of Cr(OH)3 was also considered. Rai and
co-workers (1987) previously discussed the amphoteric dissolution property of Cr(OH)3
in 0.1 M perchlorate medium (Rai et al., 1987). The solubility decreased from pH 4 to ~6
and increased again around pH 10 due to the formation of soluble Cr(OH)x –(x-3)(aq)
hydrolysis products (Rai et al., 1987). Due to the lower leaching of Cr in Ca(OH)2 (pH
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11.3-11.42) compared to CaCO3 (pH 8.25), it is unlikely that pH dependent solubility of
Cr(OH)3 is controlling [Cr]
Perrhenate Leachability as a Function of Depth
Throughout both samples, at nearly every depth increment, values were near
100% perrhenate leaching or higher. It is likely that Re was not reduced in the saltstone
and that there are high levels of heterogeneity in the first 3 cm of the samples. This
heterogeneous nature, also seen in the Cr-saltstone samples, is supported by the spikes
seen in perrhenate concentration throughout the sample depth. High leaching of Re (up
to ~90%) has been previously documented in similar saltstone samples (Langton and
Stefanko, 2012).
Considering the reduction of Re in saltstone under basic conditions according to
half reactions (eq. 1 and 2), the following overall reaction (eq. 3) can be written:
4ReO4- + 16H2O+ 12e-  4ReO2∙ H2O + 16OH-

(1)

12OH-(aq)  3O2(g) + 6H2O + 12e-

(2)

4ReO4-+ 10H2O  4ReO2∙ H2O + 4OH- + 3O2(g)

(3)

The ΔG° of eq. 3 is estimated at +263 kcal and, using a representative Eh value (+36 mV)
by Kaplan and Coates work (Kaplan and Coates, 2007), this gives a ΔG of +253 kcal,
indicating that this reaction is not thermodynamically favorable.
These saltstone samples were field-aged and the surface was reacted with CO2
from the atmosphere. While the overall reducing capacity does not meet the
requirements of ReO4-, it is possible that this reaction was further inhibited by

109

carbonation in the saltstone. When concrete monoliths undergo carbonation in
unsaturated conditions, this has been shown to counter the reducing capability of Fe on
Re (Wellman et al., 2008). Additionally, carbonated monoliths have higher microcracking in their structure, which could enhance Re diffusion.
Effect of Chemical Composition of Leaching Solutions
In Figure 2.6 A and C, Re 500 and 1000 mg/kg samples show opposite trends for
the two leachate solutions. For Re 500 mg/kg the CaCO3 leachate had 29.98% higher
average perrhenate leaching compared to Ca(OH)2. The opposite trend was seen for Re
1000 mg/kg, with CaCO3 values actually being 40.67% less than Ca(OH)2. The ranges
reflected these relationships, with 57.96 – 396.22% vs. 113.89 – 455.8% for Cr 500
mg/kg and 85.64 – 315.44% vs. 106.53 - 234.15% for Cr 1000 mg/kg CaCO3 and
Ca(OH)2 leachates, respectively. Unlike in the Cr leaching test, the Re release was not
clearly affected by the chemical composition of leaching solutions. The aqueous
speciation calculation suggests that 100% of Re remained as ReO4-(aq) in both leaching
solutions and these systems were undersaturated with respect to the Ca(ReO4)2(s).
Considering the high solubility of calcium perrhenate (Ca(ReO4)2(s)) (1776 g/L) (Krein et
al., 1966), ReO4- (aq) is likely to be the major species in the saltstone. For this reason,
variability of Re mobility observed in leaching tests is likely controlled by the
interactions between perrhenate ions and solid components in saltstone.
Relevance of Nitrate Leaching for Chromium and Rhenium
Nitrate does not readily sorb or form insoluble compounds in saltstone, but
instead it serves as a conservative tracer in cementitious materials (Langton, 1987;
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Langton and Stefanko, 2012). The NO3- leaching results potentially give an indication of
ions that are physically entrapped (i.e., microencapsulation) in saltstone. The release of
NO3- can be compared with the release of Cr and Re. With the exception of the Re 1000
mg/kg sample, total % recovery of NO3- was far greater than that of Cr and Re in all
samples. This suggests that Cr/Re leaching was mainly affected by chemical processes
(e.g., enhanced anion sorption with Ca and/or solubility products) rather than physical
processes. Heterogeneity in the saltstone matrix is expected to cause variable leaching of
Cr and Re. When BFS is incorporated into saltstone mixtures, the density of saltstone
generally increases with increasing depth. Pore space is more confined away from the
surface, retaining less NO3- (Hang and Kaplan, 2007; Kass and Lefort, 1991). One should
expect variable nitrate leaching and or less leaching below the surface. The trend is
clearly seen in all leaching tests. In fact, the NO3- leaching values were variable for
Ca(OH)2 with increasing sample depth in the Cr 500 mg/kg sample while the CaCO3
values were more similar and showed a slight overall decrease (Figure 2.5B.). The Cr
1000 mg/kg CaCO3 leachates showed a clear decrease in NO3- leaching with sample
depth, while the Ca(OH)2 showed only a slight decrease (Figure 2.5D.). In the Re 500
and 1000 mg/kg samples (Figures 2.6B and D), the NO3- leaching values in CaCO3
showed a decrease with increasing sample depth, while the Ca(OH)2 values were more
variable without a clear decreasing trend. Statistical t-tests were run on all nitrate
leaching data, and there was no significant difference between Cr and Re 500 and 1000
mg/kg saltstone samples, respectively. The tests were unpaired, two-tailed tests with
unequal variance.
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It should also be noted that calculated NO3- levels from saltstone ingredients are
approximately 50,000 mg/kg. However, total N measurements suggest ~10,000 mg/kg of
N that corresponds to only ~ 41,000 mg/kg of NO3- if the initial nitrate concentration in
the saltstone mixture was assumed to remain the same during the experiments. This
assumption suggests that 100% of NO3- was not entrapped during the curing stage or
leached out during the dewatering process. Accordingly, mass balance calculation was
conducted using the total nitrate as 41,000 mg/kg.
Effect of Leachate Composition on Nitrate Release
The results of NO3- leaching for Cr samples in Figures 2.5B and D had higher
levels of NO3- measured in the CaCO3 leachates. For Cr 500 mg/kg, the average NO3leached was 23.1% more and for Cr 1000 mg/kg was 8.6% more in the CaCO3 leachate.
The NO3- leaching results from Re samples are shown in Figure 2.6B and D. Overall,
average NO3- leaching levels were 11.3% and 21.7% higher in CaCO3 leachates for Re
500 and 1000 mg/kg samples, respectively. The carbonation of cement waste forms is
known to increase nitrate leaching (Shafique et al., 1998). Carbonation in cement
increases the activity of carbonic acids that will likely facilitate the release of weakly
sorbed anions (e.g., nitrate).

Synchrotron Based X-ray Microprobe Analysis
In the sodium chromate (NaCrVIO4) reference spectrum (Figure 2.7C.), there is a
large pre-edge peak (indicated by a vertical dotted line at 5993 eV). The pre-edge
resonances of Cr K-edge XANES spectra are characteristic for the local symmetry of
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tetrahedral coordination of CrVIO4 molecules. Since the tetrahedral structure lacks an
inversion center, it exhibits a single intense pre-edge peak which is indicative of a dipole
transition of 1s electron to an unoccupied anti bonding t2* tetrahedral orbital. On the
contrary, the XANES spectrum of CrIII2O3 shows lack of feature at the pre-edge region,
allowing for a distinction between the two valencies using the pre-edge feature of
XANES spectra. The lack of pre-edge feature in CrIII2O3 occurs because the central Cr
atom is located at the center of inversion in an octahedral structure, resulting in small
resonances in the pre-edge region (transitions of 1s electron into antibonding orbitals with
octahedral symmetry). The Re L3-edge XANES spectra are less structured and do not
have any obvious pre-edge features. It is dominated by a wide white line peak as the
result of a strong transition peak. According to the dipolar selection rules, Re L3-edge Xray absorption is caused by the transition peak at 10539 eV for ReIVS2, at 10540.5 eV for
ReIVO2 and at 10542 eV for ReVIIO4. The photoelectron from the core level 2p3/2 to the
5d state, yielding in the energy positions of the whiteline.
Chromium Valence State in Saltstone
A chip (18.8 x 0.99 ) from a Cr 1000 mg/kg sample (Figure 2.7A) aged
approximately 4.5 mo (134 d) was analyzed for total Cr. The higher intensity
corresponds to higher Cr content, while the top section (1.01 x 0.99 mm) was used to
create a CrVI valence state map (Figure 2.7B). The increasing intensity in the valence
state map corresponds to CrVI valence state in the heterogeneous media. In the valance
state map, dark blue corresponds to void spaces in the saltstone matrix, such as the one
shown in Figure 2.7D. The scatter plot of CrVI vs. CrIII (Figure 2.9A.) shows that most of
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the Cr is present as CrIII (probably as insoluble Cr(OH)3) while some high fluorescence
counts for CrVI are shown where the fluorescence counts of CrIII are low. Because of
overlapped intensity at 6003 eV in CrIII and CrVI reference spectra, it is important to
assure the interpretation of scatter plots. For this reason, selected fluorescence counts
(indicated by a hollow circle on Figure 2.7B.) were back transformed into an X-ray
fluorescence (XRF) map. There are few, isolated CrVI high-intensity hotspots visible in
this map, which were chosen for XANES analysis (Figure 2.7C). Furthermore, the
corresponding XANES spectra show that the Cr speciation in the hot-spots is
predominately CrIII. This is evident because of the lack of a CrVI pre-edge feature, which
can be seen in the CrVI standard, in the XANES from the saltstone segment. This is in
agreement with the low amounts of chromate released in the Cr leaching tests.
The reduction of CrVI has been studied in cement mixtures by XAS. In a similar
study, 1000 ppm CrO42- spiked cement mixtures (47% BFS, 47% FA, 6% PC) aged 28
days were analyzed by XANES and found to contain between 2-3% of CrVI content.
Using the same cement mixture, Lee and co-workers (1995) spiked samples with 2500
ppm Na2CrO4 and cured for 9 days (Lee et al., 1995). Chromium was estimated to be
75% CrIII and 25% CrVI by XAFS and EXAFS analysis, which is similar to the amount of
CrVI released in our leaching tests (up to 20%). The speciation of CrIII was suggested as
Cr(OH)3 in the cement and CrOOH in a BFS only mix (Lee et al., 1995). Their results
agree with our findings that little CrVI is visible in our valence state maps and XANES
data due to successful reduction of CrIII in saltstone and lower loading of Cr in our
samples.
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Rhenium Valence State in Saltstone
A Re XRF map was generated (Figure 2.8A.) over a 17.68 x 0.85 mm segment of
a Re 1000 mg/kg saltstone sample. The XRF map shows increasing [Re] with increasing
intensity. While the Cr sample had very little high-intensity (red) in the map, the Re map
shows high-intensity throughout the surveyed area in the saltstone. The construction of
Re valence state maps was attempted. However, it could not be clearly processed due to
the overlapped intensity in XANES spectra of ReIV and ReVII. For this reason, the
intensity at 10,542 eV was subtracted from that of 10,540.5 eV to make ReVII. This was
plotted against the ReIV whiteline peak at 10,540.5 eV. Figure 2.9B shows the scatter plot
of “processed ReVII” vs. ReIV. The distribution of ReVII fluorescence counts is greater
while the fluorescence counts of ReIV is lower, suggesting ReVII dominated chemical
speciation. To assure the interpretation of the Re scatter plots, microfocused XANES
analysis was conducted at selected hotspots (Figure 2.8B) The XANES spectra for the
spots chosen in saltstone have the appropriate peak energy for the NaReO4 standard,
suggesting that valence state of Re is predominately ReVII. Furthermore, the Re
distribution is quite heterogeneous. At the top of the map there are many clusters of
concentrated ReVII, while at increasing depths ReVII is more evenly distributed. These
clusters of ReVII are likely the cause of greater than 100% leaching values seen in
perrhenate leaching tests.
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2.6 Summary
Long-term Tc storage in saltstone was evaluated in field aged saltstone monoliths.
Leaching of Tc from saltstone matrices is expected to occur as oxygen diffuses
downward from the surface at a slow rate (Hang and Kaplan, 2007). Using the Tc redox
analogues, Cr and Re, the progression of an oxidation front was evaluated using leaching
tests and synchrotron X-ray microprobe analysis.
Evaluating an oxidizing zone in Re samples was not possible because of lack of
reducing intensity of saltstone with respect to ReVII. This was evidenced in all Re samples
that nearly 100% of Re was recovered after leaching. X-ray microprobe analysis also
showed the predominant oxidation of ReVII. The chemical speciation of Re in saltstone
has not been previously analyzed using XAS methods, however it has been studied in
nuclear waste glass (Lukens et al., 2007) and sediment (Yamashita et al., 2007). In
studying Re removal from seawater by sediment using XANES, it was suggested that
ReO4- is the main species even in highly reducing environments (-273 mV). It was
concluded that even in sufficient reducing conditions, the reduction of ReO4- is a slow
kinetic process. Incomplete reduction was achieved over two weeks (73% ReO4- and
27% ReO2). While Re might not be an ideal redox surrogate for Tc, its tetrahedral
structure with similar labile characteristics can be effectively used as a conservative
tracer in studying the transport process of aqueous TcO4- in the saltstone matrix.
The results of Cr leaching analysis showed no apparent progression of an
oxidation front in saltstone samples with a total aging time of < 300 days. Although no
depth dependent CrVI release was observed, there was some residual CrVI release
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throughout the sample (maximum of 20% and 4% for Cr 500 and 1000 mg/kg,
respectively). X-ray microprobe analysis showed the majority of Cr was stabilized as
CrIII with few CrVI hot spots that were entrapped in cement pores. The presence of Cr
oxidation in these samples, although at low levels, suggests that the reducing compounds
present in saltstone have not prevented or reversed Cr oxidation. One possible
explanation for observed Cr speciation spatial trends, alternative to the shrinking core
model, is that the dissolved oxygen first oxygenated near pores then requires greater time
to diffuse into the solid phase cement between the pores. When the effect of chemical
composition of cement porewaters was tested, oxygenated CaCO3 solution (i.e.,
simulated aged cement pore waters) effectively leached Cr, suggesting that 1) subtle
increases in O2 content will facilitate the release of Tc and 2) carbonic acids will compete
with TcO4- for sorption sites. These results clearly raise concerns about the long term
stability in the saltstone technology. In assessing the residence time (> years) effects on
Tc stabilization in saltstone, it is important to understand the mechanisms for Tc fixation
and the reaction products. Ferrous and sulfide-based mineral components have been
considered as potential electron donors in BFS. However, it is not clearly understood how
redox reactions of Tc occur with these electron donors in alkaline pH environments.
Understanding changes in chemical speciation of Tc and the spatial variability (e.g.,
entrapped TcO4- in pore space) under field simulated conditions might also be the key to
ensure the long-term stability of CWF Tc remediation technologies at U.S. DOE sites.
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Chemical Concentration Field
Species
(ppm)
Perrhenate
500
5
Perrhenate
500
2
Perrhenate
1000
6
Perrhenate
1000
2
Chromate
500
4
Chromate
500
7
Chromate
1000
7
Chromate
1000
14

Date
Created
3/8/12
3/8/12
3/8/12
3/8/12
3/7/12
3/7/12
2/27/12
2/22/12

Date
sectioned
12/19/12
12/17/12
12/20/12
12/18/12
11/15/12
12/4/12
12/12/12
11/27/12

Age
Leachate
(days)
286
CaCO3
284 Ca(OH)2
287
CaCO3
285 Ca(OH)2
253
CaCO3
272 Ca(OH)2
289 Ca(OH)2
279
CaCO3

Table 2.1. Description of Cr and Re saltstone samples and chemical composition of
leachate.
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Compound
Al(NO3)3∙9H2O
50 wt. % NaOH
Na2SO4
Na2CO3
NaNO3
NaNO2

Molarity
(moles/liter)
0.11
1.55
0.05
0.14
2.11
0.33

Molecular Mass
(grams/mole)
375.12
39.99
142.04
105.99
84.99
68.99

Amount/Liter
(grams)
41.26
124.07
8.32
15.64
179.86
23.2

Table 2.2. Chemical composition of artificial Tank 50 simulant used in saltstone
preparation Almond and coworkers (2012) and Reigel (2011).
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Figure 2.1. Left: Assembled Dremel Workstation prior to transfer inside glove bag.
Right: Saltstone samples from SRS, Re 1000 ppm Sample 3 excluded.
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Figure 2.2. Segmentation of saltstone monolith for leaching and X-ray analysis.
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Figure 2.3. Standard Curve of CrVI A). in CaCO3 background media. B). in Ca(OH)2
background media.
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Figure 2.4. ICP-MS 187Re calibration curve generated with PlasmaLab Software (Thermo
Scientific) used for data analysis.
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Figure 2.5. Results of chromate and nitrate leaching in CaCO3 (black square) and
Ca(OH)2 (grey triangle) leachate solutions, respectively. A). CrVI leaching data from Cr
500 mg/kg sample. B). Nitrate leaching data from Cr 500 mg/kg sample. C). CrVI
leaching data from Cr 1000 mg/kg sample. D). Nitrate leaching data from Cr 1000 mg/kg
sample.
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Figure 2.6. Results of perrhenate and nitrate leaching in CaCO3 (black square) and
Ca(OH)2 (grey triangle) leachate solutions, respectively. A). ReVII leaching data from Re
500 mg/kg sample. Error bars not visible due to small relative values (range: 0.03 – 1.67,
average: 0.27 percent error). B). Nitrate leaching data from Re 500 mg/kg sample. C).
ReVII leaching data from Re 1000 mg/kg sample. Error bars not visible due to small
relative values (range: 0.03 – 0.69, average: 0.26 percent error). D). Nitrate leaching data
from Re 1000 mg/kg sample.
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Figure 2.7. Results of synchrotron based microprobe analysis of 134 d aged Cr 1000
mg/kg saltstone sample. A). Total Cr XRF map from 0 to 18.8 mm. B). CrVI valence
state map from 0 to 1.01 mm. C). Normalized bulk Cr K-edge XANES spectra of
reference compounds and CrVI hotspots in B. D). A section of saltstone segment showing
a large void (in dark blue) in saltstone matrix.
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Figure 2.8. Results of synchrotron based microprobe analysis of approximately 1 yr. aged
Re 1000 mg/kg saltstone. A). Re XRF map. Intensity of fluorescence counts increases
from black to white. B). Normalized bulk Re K-edge XANES spectra of saltstone
segment with reference spectra.
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Figure 2.9. Correlation plots constructed from synchrotron based microprobe results of
Cr and Re 1000 mg/kg saltstone. A). Intensity of the CrVI pre-edge peak plotted against
the ratio of CrIII (6003/5993 eV). B). ReVII intensity, calculated from subtracting
fluorescence counts at 10,540.5 eV from the fluorescence counts of ReVII whiteline peak
at 10,542 eV, plotted against ReIV whiteline peak at 10540 eV.
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CHAPTER THREE
INVESTIGATION OF CHROMATE REDOX KINETICS IN MAGNETITE

3.1 Abstract
Technetium-99 (99Tc) (t1/2: 2.11 x 105 y) is one of the major risk drivers at DOE
Savannah River Site (SRS), Aiken, SC. It has been immobilized in saltstone to prevent
the mobile TcVIIO4- species from leaching to subsurface environments. Reductive
stabilization to relatively insoluble TcIVO2 or TcIVS2 has often been associated with the
reductive power of FeII and/or sulfide bearing minerals in saltstone. To better understand
the mechanisms of Tc reduction in saltstone, synthetic magnetite (Fe3O4) was chosen as a
model FeII bearing mineral. Accordingly, interactions between CrVI (a redox and
solubility analogue for Tc) and magnetite were investigated as a function of pH and ionic
strength (0.004 – 0.1 M NaNO3 or Na2SO4). Batch sorption experiments showed that CrVI
sorption decreases with increasing pH. The high NaSO4 ionic strength effectively reduced
the sorption whereas lack of ionic strength effect was observed in the NaNO3 media.
Time-resolved X-ray absorption near edge structure spectroscopy analysis revealed the
slow reduction of CrVI at the magnetite-water interface during the initial 12 h. The
electron transfer reaction is likely suppressed by the formation of the CrIII and or FeIII
oxyhydroxide passivation layers. The inhibitory processes were especially pronounced in
alkaline solution at high nitrate/sulfate media, resulting in the incomplete reduction of
CrVI. The results of this study pose a question about the presence of potentially unreduced
Tc in saltstone matrices.
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3.2 Introduction
Technetium-99 (t1/2=2.11 x 105 y) is one of major radionuclide contaminants of
concern in U. S. Department of Energy (DOE) legacy nuclear waste. Historically, Tc has
been remediated in cementitious waste forms (CWFs). Many types of contaminants have
been immobilized by the use of cement-based solidification-stabilization (S-S), enabling
the fulfillment of land disposal requirements. The solidification process is a form of
physical entrapment, limiting the free liquids in the waste material via the strong physical
properties of the CWF. Waste stabilization primarily occurs through chemical
precipitation resulting in a less mobile or toxic form of the contaminant; the high pH of
the cement leads to the formation of mixed hydroxides or possibly sulfides. Cement S-S
remediation is considered the best available technology for 57 RCRA listed hazardous
wastes (U.S. EPA, 2004). Often original Portland cement (OPC) is used in CWF with
various additives such as sulfate resistant Portland cement, white cement, kiln dust, lime,
gypsum, (granulated) blast furnace slag, (pulverized) fly ash, pozzolanas, and silicates
that can improve the strength (Batchelor, 2006; Malviya and Chaudhary, 2006; Wiles,
1987).
In particular, Tc has been stabilized through a CWF technology, saltstone, at the
Savannah River Site (SRS) in Aiken, SC. Saltstone is 6% type 2 portland cement, 25%
fly ash, 25% slag, and 45 wt.% salt solution (Website Data , 2013)The salt solution
comes from reprocessing of the high-level liquid radioactive waste stored at the SRS.
Reprocessing removes upwards of 99% of the radioactivity resulting from cesium (137Cs)
and strontium (90Sr) in the salt solution. Afterwards, the “decontaminated” solution is
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incorporated into saltstone for disposal. Technetium is part of this decontaminated
solution and is transformed into the pertechnetate anion (TcO4-) during reprocessing
(Fowler et al., 1984). It is first removed from solution by use of a base anion exchange
resin, and then eluted using HNO3 (Walker et al., 1984). The decontaminated solution
contains 14.3 wt. % NaNO3 and 2000 Bq/g 99Tc, along with many other salts and
contaminants (Clark and Wilhite, 1991). Other less prevalent forms of nitrate and nitrite
are present in the solution (3.6 wt. % NaNO2, 0.002 wt. % KNO3, 0.07 wt. % NH4NO3).
Other sources have reported 2 and 0.62 M for NO3- and NO2- in the salt solution,
respectively (Walker et al., 1984). The saltstone process mixes 32 wt. % of the salt with
cement, giving an estimated Tc concentration of 0.096 mCi/L (Fowler et al., 1984). The
blended solution is then pumped to the surface disposal values on site.
The mineralogy of PC, FA, and BFS in use at the Saltstone Processing Facility
(SPF) at SRS has been characterized (Harbour et al., 2006). Based on chemical analyses
of SPF batches, the three main oxides in PC, FA, and BFS are shown in Table 3.1. Other
oxides present in small amounts include K2O, Na2O, SO42-, and TiO2. It should be noted
that Harbour and coworkers (2006) analysis of saltstone components was to present
empirical formulas, not oxidation states. The Fe2O3 content of PC and BFS, not given in
Table 3.1, is 3.8 and 0.4 wt. %, respectively (Harbour et al., 2006). Generally, FA and
PC have a SO3 content of < 5.0 and <3.0 wt. %, respectively, according to the
specifications at SPF. Blast furnace slag has a specification of < 0.5% elemental sulfur,
although variance has been measured (0.32 and 0.83 wt. %).
Blast furnace slag is added as a reducing ingredient to saltstone formulation and is
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critical for reducing TcO4- to TcIV. It provides the main reducing capacity of saltstone
with two potential electron donors, iron (FeII) and sulfur (S0, S2-) species. Both donors
have been considered important in reducing TcVII to TcIV, resulting in the formation of
TcIV-sulfur and or -hydrous oxide species in CWF (Allen et al., 1997; Angus and
Glasser, 1985).
Sulfur-containing reductants Na2S, FeS, and Na2SO3 can effectively reduce Tc in
CWF (Allen et al., 1997; Gilliam et al., 1990; Lukens et al., 2005). In granulated BFS
(GGBFS), sulfur content (S0) has been averaged at 1.4 wt. % by the National Slag
Association (Emergy, 1992). However, investigations of sulfur species in BFS and
saltstone have determined that total sulfide lessened in the waste form after curing.
Samples of GGBFS have been analyzed for sulfur speciation by XANES after five mo
aging time (Roy, 2009). The GGBFS was mixed with Ca(OH)2 (pH 12.6) and NaOH (pH
14.69) to simulate cement pore water conditions. Intact GGFBS had sulfur present
mostly as sulfide, but the activated mixtures showed that sulfide was partially converted
to sulfate. In Cr 500 mg/kg spiked saltstone samples aged 1-4 mo, sulfate was also found
to be the major species (Powell et al., Draft).
Langton suggested that FeII, potentially as Fe(OH)2, is responsible for stabilizing
CrVI and TcVII in CWF by forming lower solubility precipitates such as Cr(OH)3 and
TcO2 (Langton, 1987; Langton, 1989). Due to the lack of sulfide species present after
curing, FeII may serve as the primary electron donor over time in saltstone. There is a
need to evaluate the role of FeII bearing mineral phases for Tc reduction reaction in
saltstone matrix.
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In my study, synthetic magnetite was chosen as a model FeII bearing mineral to
study the simulated redox reactions. Chromate was used as a chemical surrogate for Tc
because the reduction potential in alkaline pH is higher, which indicates that the Cr
reduction (Eq 1.) will occur before the Tc reduction (Eq. 2) (Bard et al., 1985; Rard et al.,
1999).
CrO42- + 4H2O(l) + 3e- → CrOH3(s) + 5OH-

E(V) = -0.11

(1)

TcO4- + 3e- + 4H+ → TcO2∙ H2O

E(V) = -0.36

(2)

The objective was to investigate the reduction kinetics of chromate at the mineral
surface of magnetite. Aqueous sorption experiments were coupled with X-ray
synchrotron techniques to study the system. The effects of pH (~3-12), ionic strength
(0.01 vs. 0.1), and electrolyte backgrounds (NO3- and SO42-) on CrVI reduction were
assessed through equilibrium and kinetic batch sorption experiments. Additionally, the
solid reaction products of chromate in magnetite at various conditions were examined
using X-ray absorption spectroscopy. These analyses allow for a greater understanding
of the formation of CrIII solid phases that are expected to limit the solubility of Cr in
solution.

3.3 Materials
Synthetic magnetite (Fe3O4) nanopowder was obtained from Nanostructured and
Amorphous Materials, Inc. Particle size was 50-100 nm with >99% purity, and measured
BET surface area was 9.08 m2/g. Magnetite suspensions were sonified. The following
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ACS grade chemicals were prepared in degassed distilled deionized MilliQ water (18.2
MΩ): sodium nitrate, sodium sulfate, nitric acid, sulfuric acid, and sodium hydroxide.
Solutions of ACS grade sodium chromate tetrahydrate, sodium perrhenate, sodium
acetate, and 3-propanesulfonic acid (MOPSO) were prepared in 0.01M and 0.1 M NaNO3
and 0.004 M and 0.04 M Na2SO4. These concentrations represent 0.01 and 0.1 ionic
strengths for the background solutions, respectively. Standards were prepared using the
NIST traceable ICP-MS standard ammonium dichromate (1000 ppm Cr in 3% nitric acid,
99%, Ricca Chemical Company). The ACS grade chemicals potassium chromate (CrVI)
and chromium oxide (CrIII) were used for Beam Line (BL) calibration.

3.4 Methods

PZSE Determination
Potentiometric acid-base titrations were conducted using 0.2 g/L magnetite
nanopowder in 0.01, 0.05 and 0.1 M NaNO3 backgrounds. Solutions were prepared in
individual 50 mL Nalgene Polypropylene Sterile (PS) High-Performance Centrifuge
tubes. The nanopowder was hydrated for 24 h on an end-over-end shaker at 20 rpm;
afterwards a predetermined amount of 0.01 - 0.1M NaOH and HNO3 were added to each
tube resulting in an approximate pH range of 3-10. The samples were then shaken on an
end-over shaker for 24 h. The final pH values were plotted against total acid
concentration and the point of intersection in the batch titration curves was used to find
the point of zero salt effect (PZSE) (Lützenkirchen et al., 2012).
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Batch Sorption Experiments
Magnetite suspensions were prepared in 5 g/L solid to solution ratio in 50
mL PS High-Performance Centrifuge tubes. The background solution was either NaNO3
or Na2SO4 at both 0.01 and 0.1 ionic strength. Samples were hydrated for 18 h on an
end-over-end shaker at 30 rpm. The pH was adjusted before and after hydration using
0.01 – 1 M NaOH and either H2SO4 or HNO3 depending on the background electrolyte.
Samples were prepared over an approximate pH range of 3 to 12; no buffer was used.
The solutions were spiked with 0.5 mM Na2CrO4∙4H2O and returned to the shaker for 24
h. After the experiment the pH of each sample was recorded and aliquots were collected,
filtered through a 0.2 µm polyvinylidene fluoride (PVDF) filter. Filtrates were diluted
with 1% Suprapur® nitric acid, and then analyzed using an inductively coupled plasma
mass spectrometer (ICP-MS) Thermo Scientific X Series 2 that was calibrated using a
CrVI NIST traceable ICP-MS standard.

XAS Analysis
All XAS samples were prepared at room temperature. Kinetic samples were
freshly prepared at the Stanford Synchrotron Radiation Laboratory (SSRL). For
equilibrium samples, sorption samples were prepared at 10 g/L for collection and analysis
purposes. Magnetite nanopowder was prepared in Nalgene Oak Ridge High-Speed
Centrifuge tubes with either NaNO3 or Na2SO4 at both 0.01 M and 0.1 M ionic strength.
Samples were prepared at all ionic strengths with low (3.40 ± 0.18) and high (9.34 ±
0.09) pH values. The hydration, spiking, and aliquot collection procedure were identical
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to in the laboratory sorption experiments. Afterwards, samples were centrifuged at
11,000 rpm for 10 min, the supernatant was removed, and the magnetite paste was loaded
in polycarbonate sample holders sealed with Kapton tape. All samples were wrapped
with moist tissues and kept in separate bags until the analysis.
Kinetic samples were prepared in 50 mL High-Performance Centrifuge Tubes
with 5 g/L solid to solution ratio with either 0.01 M NaNO3 or Na2SO4 and acidic pH
(4.01 ± 0.10). Sodium acetate (50 mM) was used as a buffer solution. Tubes were
placed on an end-over-end shaker at 30 rpm and one tube was sacrificed for each time
interval. Mineral suspensions were spiked with 1 mM Na2CrO4∙4H2O and taken at 15,
25, 40 min, and 1, 3, 12 h for NaNO3 and Na2SO4 samples. Each sample was filtered
using vacuum filtration on PVDF filter papers, trapped between Kapton tape, and
immediately analyzed.
All samples were analyzed at BL 4-3 at SSRL. Bulk XAS spectra of equilibrium
and redox kinetic samples were collected. The electron storage ring was operated at 3
GeV energy with a current range of 80-100 mA. The energy calibration was performed at
5989 eV using the first derivative of a Cr foil XANES spectrum. Fluorescence-yield Cr
K-edge spectra were collected using a 4 element Vortex detector. The monochromator
was a Si(111) double-crystal with a non-fixed exit slit. Sample holders were oriented at
45° to the unfocused incident beam. All samples were run at room temperature.
To assess the change in Cr valence state at the mineral-water interface during the
sorption reaction, a Cr pre-edge peak standard curve was constructed using the Cr K-edge
pre-edge peak of CrVI/CrIII mixtures. The reference salts, K2CrVIO4 and Cr2IIIO3, were
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mixed to give a range (0-100%) of CrVI concentration, ground with a Diamonite mortar
and pestle, and the fine powder was trapped in Kapton tape.
The data reduction of bulk XANES spectra was performed using the
SixPACK/IFEFFIT interface (Webb, 2005). Because of fast sorption reactions, only one
spectrum was collected per kinetic sample. The following data normalization was
carried out at approxiamately 5800-6150eV. A Gaussian function was used for
normalization of the pre-edge region and a quadratic function was used for the post-edge
region.

3.5 Results and Discussion

PZSE of Magnetite
The point of zero salt effect (PZSE) represents the pH value of solids at which the
common net total particle charge is not affected by changes in ion concentrations of inert
background electrolytes such as sodium nitrate. The PZSE can be found at the
intersection of two potentiometric titration curves (Parker et al., 1979) and is one of the
most commonly determined types of point of zero charge measurements. The PZSE of
magnetite used in this study was determined using batch titrations with 0.01, 0.05 and 0.1
M NaNO3 (Lützenkirchen et al., 2012), and was approximately 5.63.
The PZSE and PZC values of synthetic magnetite have been commonly reported
as 6.3-6.8 (He and Traina, 2005; Kosmulski, 2009; Regazzoni et al., 1983). SalazarCamacho and co-workers also reported the isoelectric point (IEP) of two synthetic nano-
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magnetite samples to be 6.2 for < 5 µm and 6.7 for < 50 nm particles (Salazar-Camacho
et al., 2013). The PZSE of magnetite in my study is slightly lower than the reported
values. In the literature, comparatively lower PZSE values have been reported with
natural magnetite samples (Kosmulski, 2011; Milonjić et al., 1983; Salazar-Camacho et
al., 2013) and may be due to surface oxidation and or impurities (Catalette et al., 1998;
Plaza et al., 2002; Tombácz et al., 2007).

Pseudo-equilibrium Sorption Experiments
Effects of pH
The results of CrO42- sorption envelope experiments in magnetite are shown in
Figure 3.1. The experiments were conducted in two different electrolytes (NaNO3 and
Na2SO4) in varying ionic strength (0.004-0.1M). The effects of these variables on
chromate sorption are discussed in the following subsections below. In both electrolytes,
chromate sorption is pH dependent. The sorption increases with decreasing pH from 10 to
4. Similar pH dependent chromate sorption behavior has been documented in several
studies (He et al., 2004; He and Traina, 2005; He, 2003; Mohan and Pittman Jr, 2006;
Tokunaga et al., 2001). The sorption trend can be explained by the aqueous speciation of
chromate and the surface charge density of magnetite at given pH values. Aqueous
speciation of chromate under all conditions was calculated using Visual MINTEQ
version 3.0 (Gustafsson, 2010) . In both electrolytes, negatively charged chromate species
are generally observed (Figure 3.2). The HCrO4- species is dominant at approximately
pH < 6 and CrO42- at pH > 6 with a minor contribution from NaCrO4- species. The
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dissociation constant of hydrogen chromate (3.1 x 10-7, pKa 6.51) agrees with the
predominance of CrO42- as the major aqueous species at experimental pH values 4-10
(Washburn and West, 1929).
At pH < 5 (below PZSE of magnetite), the surface charge of magnetite is
positively charged. Chromate anions are expected to be strongly attracted to the surfaces
via electrostatic interactions. With increasing pH > 5, more negatively charged surfaces
will be developed, further reducing the attraction of anions, like chromate. However,
some sorption occurred at pH 8-11, possibly suggesting inner-sphere sorption
mechanisms via ligand exchange reactions.
Effects of Ionic Strength
Although there are some variable data points in each electrolyte experiment
(Figures 3.1 A and B), one can clearly see two distinct ionic strength effects on CrO42sorption. In the Na2SO4 media, CrO42- uptake was affected by changes in ionic strength.
The sorption drastically decreased when ionic strength was increased from 0.004 M to
0.04 M at pH 3-12. Average CrVI removal is 10.4% lower at higher SO42- concentration.
White and Peterson (1996) also previously reported the effects of SO42- concentrations
(0.01 – 0.1 M) on chromate sorption (White and Peterson, 1996). On the contrary, little
effect of ionic strength effect was observed in the NaNO3 media. The observation is
consistent with other studies that found negligible effects of NO3- concentration on CrVI
removal by magnetite (Gallios and Vaclavikova, 2008). The lower NO3- concentration
resulted in an average of 3.2% less CrVI removal.
Hayes and co-workers previously proposed an indirect macroscopic method for
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distinguishing inner-sphere from outer-sphere complexes by examining ionic strength
effects of inert electrolytes on oxyanion sorption envelopes coupled with the generalized
triple layer model (Hayes et al., 1991). Accordingly, inner-sphere complexes are not
greatly affected by ionic strength, whereas the presence of outer-sphere complexes is
indicated by a shift in the pH with changing ionic strength due to competitive sorption
with counter anions. Based on the theory, one can suggest that chromate predominantly
forms inner-sphere complexes in the NaNO3 media at pH 4-11, whereas chromate could
sorb in magnetite as a mixture of inner- and outer-sphere complexes in the Na2SO4
media. In the high ionic strength of Na2SO4, it is possible that the surface speciation of
chromate is predominantly inner-sphere complexes at pH 6-12. These interpretations of
sorption mechanisms, however, are contradicted in two different background electrolyte
media, which is likely attributed to differences in inertness between nitrate and sulfate
ions. The macroscopic observation is extremely useful in evaluating chromate removal
from aqueous solution under different reaction conditions. However, the mechanisms
responsible for chromate sorption in magnetite are difficult to assess without any
spectroscopic evidence. For this reason, the chemical state of sorbed Cr was investigated
using the XANES analysis.
Sorption Mechanisms
Magnetite is a common FeIII bearing FeIII oxide mineral that is frequently used in
redox geochemical studies. When magnetite is reacted with CrVI, the reduction of CrVI to
CrIII is expected to occur at the magnetite surface. However, the reaction is often referred
as “sorption” reaction because of the removal of chromate from solution. Kendelewicz
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and co-workers (2000) postulated the following two step mechanism to explain the
sorption process: electrostatic attraction of CrVI anions, followed by the electron transfer
reaction between CrVI and the structural FeII to form CrIII(OH)3 (Kendelewicz and Liu,
2000; Kendelewicz et al., 1999; Peterson et al., 1996). The CrVI reduction mechanism
was accompanied by simultaneous homogenous oxidation of FeII released by passivation
of magnetite (White and Peterson, 1996). Although the above sorption mechanisms were
suggested, it is poorly understood whether these reaction steps are valid under a wide
range of reaction conditions. To validate the two step sorption mechanisms, effects of pH
and background electrolyte media (sodium sulfate and sodium nitrate) on the Cr solid
state speciation was evaluated.
Effects of Background Oxyanions
In general, the strength of oxyanion complexation on the metal oxyhydroxide
surfaces can be predicted using the shared charge value (SCV), which is the positive
oxyanion charge divided by the number of bonded O atoms. The lower the SCV, the
stronger the affinity of oxyanion sorption. The SCV for NO3- is 1.67 while SO42- and
CrO42- both have a SCV of 1.5, indicating that the latter oxyanions have a slightly
stronger metal-oxyanion ionic bond. Based on the SCV, one can expect that nitrate will
not strongly perturb the initial chromate adsorption step. However, sulfate could compete
for sorption sites, resulting in less chromate sorption in the sulfate media. To assess the
impact of nitrate and sulfate on chromate sorption at the mineral surfaces, XANES
analysis was conducted. A calibration curve of Cr chemical state was constructed using
XANES spectra of CrVI/CrIII salt mixtures (Figure 3.3). The intensity of pre-edge peak
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intensifies with increasing the CrVI content. There is a near linear relationship between
the pre-edge peak height and %CrVI/Crtotal. Figures 3.4 and 3.5 show the pre-edge
features of normalized Cr K-edge XANES spectra in both NaNO3 and Na2SO4 systems.
To facilitate the comparison, the % CrVI fraction in sorption samples was estimated using
the XANES calibration curve.

However, while the XANES method allows for

determination of Cr oxidation state, it does not determine the total amount of Cr on the
magnetite surface. In Figures 3.3-3.7 each data point represents a different total Cr value,
which was not determined.
In sulfate media (Figure 3.4), the amount of CrVI on the magnetite surface was
dependent on pH and ionic strength. With 0.004 M Na2SO4 at basic pH values, there is a
very small amount of CrVI (0.1%) on the surface. At acidic pH values, there is a high
amount of CrVI (60.4%). Considering the positively charged magnetite surfaces at acidic
pH, chromate anions should strongly sorb. The XANES measurements of Cr reacted
magnetite in 0.04 M Na2SO4 are similar to the aqueous batch experiments, with a smaller
difference in CrVI over the pH range compared to 0.004 M Na2SO4. However, the trend
is reversed in 0.04 M Na2SO4, as acidic pH resulted in low CrVI (1.7%) on the surface
while the basic pH yields 19.9% CrVI.
In nitrate media (Figure 3.5), there was a similar dependency of pH and ionic
strength in the CrVI surface speciation. With 0.01 M NaNO3 at basic pH values, the
concurrent value is lower at 6.1%. This trend of CrVI removal at basic pH is similar but
more amplified compared to sulfate. With decreasing pH, the fraction of CrVI increased to
91.4%, suggesting the strong sorption of the chromate anion on the mineral surfaces. In
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the higher ionic strength nitrate system, there was an opposite trend. The CrVI sorption
increased from 13.5 to 27.3% with increasing pH. This is in agreement with the trend
observed in the 0.04 M Na2SO4 system.
Comparing the amount of CrVI remaining in the two different oxyanion systems, it
is clear that sulfate ions decreased the chromate sorption more effectively than nitrate did
in respective reaction conditions (e.g., high sulfate at low pH vs. high nitrate at low pH)
in Figures 3.4 and 3.5. As previously discussed, the shared charge value of sulfate (1.5) is
smaller than that of nitrate (1.67), suggesting the greater affinity of sulfate on metal oxide
surfaces. Its strong sorption mechanism has been well documented in different iron
oxyhydroxide minerals. In goethite, CrO42- sorption has occurred via inner-sphere
complexation at near neutral pH values (Fendorf et al., 1997; Peak et al., 1999; Wijnja
and Schulthess, 2000; Zhang and Sparks, 1990). The potential for any background
oxyanion to force the formation of CrVI inner-sphere surface complex could yield the
chemical reduction of CrVI at the magnetite surfaces. Based on the results of XANES
analysis, it was concluded that the type of oxyanion in background electrolytes can affect
the chromate sorption in magnetite.
Effects of Ionic Strength and pH on Electron Transfer Reactions
When the effect of ionic strength on % CrVI is compared at low and high pH
values, there is a much larger difference in the two electrolyte systems at low pH. In the
sulfate media at low pH, % CrVI decreased from 60.4% to 1.6% with increasing ionic
strength. In the case of nitrate medium, the changes are even larger. It drops from 91.4%
to 13.5% with increasing ionic strength. It should be noted that, under acidic pH
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conditions, once reduction of the CrO42- anion has occurred, CrIII may then be lost from
the positively charged magnetite surface. This could possibly account for lower retention
of CrIII on the surface at low pH values. Conversely, at high pH, the effects of ionic
strength on the % CrVI fraction were reversed. There was less CrVI remaining in the low
ionic strength systems. In the nitrate media, a similar ionic strength effect was observed
in the low and high pH systems.
In the low pH systems, the effect of ionic strength on % CrVI was most
pronounced in high ionic strength. They all showed that CrVI was more greatly reduced
with increasing ionic strength at low pH (Figure 3.4 and Figure 3.5). At low pH, Cr
anions readily undergo outer-sphere and/or inner-sphere complexation due to the charge
attraction between CrVI (aq) and magnetite surfaces. As discussed in the previous section,
the outer-sphere portion of CrVI surface species can be greatly impacted by competitive
ligands like sulfate, leaving only CrVI inner-sphere surface species, which will facilitate
the electron transfer reaction, yielding in >99% of total Cr as CrIII (high sulfate at low pH
in Figure 3.4 B). Interestingly, a substantial CrVI reduction occurred in the high nitrate
system. Since nitrate is inert, the effect is likely influenced by the reduced thickness of
the diffused double layer (DDL) at high NaNO3 solutions. In the low nitrate system,
incomplete reduction of chromate was observed. The observation of incomplete reduction
in low NO3 media agrees with previous reports (Chambers et al., 1997; He, 2003).
At basic pH, the Cr anion must undergo a ligand exchange reaction to be sorbed
(i.e., inner-sphere) because of negatively charged mineral surfaces. For this reason, the
effect of ionic strength of specific ligands (sulfate or nitrate) on CrVI sorption occurs at a
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much lesser extent compared to those at low pH. Because of diminished ligand effects at
high pH, the CrVI sorption is more susceptible to changes in other physicochemical
factors such as the thickness of DDL and the activity of OH-, which will induce the
hydrolysis reaction of CrIII.

CrIII Secondary Precipitates and Transformation of Magnetite
In the XANES analysis of equilibrium samples, it was clear that more CrIII was
distributed in magnetite at alkaline pH in both nitrate and sulfate media (Figures 3.4B and
3.5B). In other words, basic pH induced the reduction of CrVI to CrIII. Several
spectroscopic (X-ray photoelectron spectroscopy and X-ray absorption spectroscopy)
studies reported the formation of Cr(OH)3, CrIIIOOH(s) and or CrIII bearing iron
oxyhydroxide phases in the CrVI reacted magnetite surfaces at pH 5-8 (Jung et al., 2007;
Kendelewicz et al., 1999; Peterson et al., 1997). While these studies showed the Cr
surface speciation in equilibrium based sorption experiments, they do not provide any
critical information about the CrVI reduction kinetics at the mineral-water interface. To
assess the extent of electron transfer reactions, time-resolved XANES measurements
were conducted on kinetic samples. I chose samples with high CrIII so that one can
evaluate the changes in Cr valence state. Accordingly, I chose samples in high
nitrate/sulfate at low pH (Figures 3.6 and 3.7). Figures 3.6A and 3.7A show the pre-edge
features of Cr XANES spectra in kinetic samples. Changes in % CrVI on the mineral
surfaces are summarized in Figures 3.6B and 3.7B. During the first 12 h of sorption
experiments, approximately 78-86% of total Cr on the surfaces is still CrVI in both

150

samples. Although there are some fluctuations in data, it is clear that only ~20% of total
Cr on the surface was reduced to CrIII. It is possible to determine %CrIII on the surface by
subtracting %CrVI from 100, which can be manipulated to determine the amount of
overall CrIII formed on magnetite per minute of reaction time from 15 min to 12 h. The
%CrIII on the surface per minute is approximately 165x larger at 15 min than at 12 h. The
difference is increasing with time up to 12 h, going from approximately 6x, 20x, and 40x
more %CrIII at 15 min compared to 30 min, one h, and three h. Therefore, we can see
that between three and twelve hours the greatest decrease in CrIII removal per minute has
occurred. This slower rate is expected to continue from 12 to 24 h to accomplish the
remainder (~80%) of the Cr reduction, as data from the equilibrium based experiments
(Figures 3.4B and 3.5B) show that it took 24 h to convert nearly 98% and 85% of CrVI to
CrIII in high sulfate and high nitrate media, respectively, at low pH.
While the formation of a CrIIIOH3(s) passivation layer can be one of explanations
for inhibitory mechanism, the transformation of adsorbent can also be considered. During
the CrVI reduction, the depletion of FeII from magnetite structure is simultaneously
occurring. Both XRD and TEM analyses showed the formation of goethite in CrVI reacted
magnetite at alkaline pH (He, 2003). At acidic media, magnetite may transform to
maghemite (γ-Fe2O3) and then hematite (α- Fe2O3) when in oxidizing conditions (Brown
et al., 1999). A structural polymorph of hematite is the most common weathering product
of magnetite in oxic environment. The formation of secondary iron (oxyhydr)oxide
passivation layer will effectively suppress further electron transfer reactions, which
supports the slow reduction of “surface sorbed CrVI” at the magnetite surface at low pH.
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The formation of passivation layer can also be facilitated by the sulfate promoted FeII
dissolution. Sulfate ions are known to complex with FeII, and increase the dissolution of
FeII from the magnetite structure (Chowdhury and Yanful, 2010; White and Peterson,
1996). Depending on the reaction pH, the dissolved FeII can precipitate as Fe(OH)2, and
eventually oxidize to form a ferrihydrite/goethite passivation layer.

3.6 Summary
Synthetic magnetite readily removed dissolved CrVI from solution. The extent of
CrVI uptake was greatly influenced by pH, ionic strength, and chemical composition of
the background electrolytes. Like other oxyanions, sorption of CrVI was pH dependent. It
increased with increasing acidity in both NaNO3 and NaSO4 solutions. The effects of
ionic strength were more pronounced in sulfate media than nitrate media. The sorption
decreased with increasing NaSO4 ionic strength at pH 3-12 whereas little ionic strength
effect was observed in the NaNO3 media. XANES analysis revealed that the low ionic
strength promoted the CrVI surface reduction at high pH. However, such electron transfer
reactions were nearly diminished at low pH, yielding in more adsorbed CrVI on the
surfaces. The triple layer model (Hayes et al, 1991) was unable to support the sorption
mechanisms in the CrVI-magnetite system since the structural alternation of adsorbent
(i.e., formation of passivation layers) was occurring at the mineral surfaces via redox
reactions. Because of the formation of passivation layers (CrIII precipitates and FeIII
oxyhydroxides), the kinetic of CrVI reduction was rather slow after 3 h. Kendelewicz and
co-workers (2000) previously postulated two step mechanisms to explain the CrVI surface
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reduction in magnetite: electrostatic attraction of CrVI anions, followed by the electron
transfer reaction between CrVI and the structural FeII to form CrIII(OH)3 (Kendelewicz and
Liu, 2000; Kendelewicz et al., 1999; Peterson et al., 1996). The results of my study
showed that the first sorption step can be largely affected by the changes in chemical
variables such as background electrolyte media and pH, and these will further influence
the final kinetics of electron transfer reactions.
In summary, different degree of chromium removal (i.e., CrVI reduction) occurred
in heterogeneous media. High nitrate/sulfate and alkaline pH used in this study are
common chemical variables in low level waste at the SRS saltstone facility. Based on my
findings, these caustic and high electrolyte chemical conditions could yield incomplete
reduction of TcVII to TcIV if FeII bearing solid components were the major electron donor
in cementitious waste forms (CWFs). Further study is needed to achieve the complete
reduction of CrVI/TcVII under the relevant environmental conditions at the SRS.
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Oxides

Portland
Fly Ash
Slag
Cement
Type
% wt.
Type
% wt.
Type
% wt.
CaO
63.9
SiO2
55.5
SiO2
39.2
Primary
SiO2
20.4
Al2O3
28.6
CaO
36.8
Secondary
Al
O
5.3
Fe
O
5.8
MgO
13.0
Tertiary
2 3
2 3
Table 3.1. The major oxides in PC, FA, and BFS according to Harbour et al. (2006).
Values were averaged.
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Figure 3.1. Chromate sorption envelopes in magnetite after 24 h in the following
background electrolyte solutions A). Na2SO4 B). NaNO3. Black squares and grey circles
represent low (0.004 M Na2SO4, 0.01 M NaNO3) and high (0.04 M Na2SO4, 0.1 M
NaNO3) ionic strengths, respectively.
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Figure 3.2. Aqueous speciation diagrams of 0.5 mM CrVIO42- over pH 3-12 using Visual
MINTEQ in the following background media A). and B). 0.01 and 0.1 M NaNO3,
respectively. C). and D). 0.004 and 0.04 M Na2SO4, respectively.
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Figure 3.3. A). Pre-edge features of bulk XANES spectra of reference salt mixtures
(K2CrVIO4 and Cr2IIIO3) B). The intensity of CrVI pre-edge height of reference spectra in
A as a function of CrVI/Total Cr (%).
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Figure 3.4. Effects of pH (4 and 9) and Na2SO4 ionic strength on Cr surface speciation at
the magnetite-water interface. Low and high electrolyte concentration corresponds to
0.004 M and 0.04 M for Na2SO4, respectively. A). Pre-edge features of Cr XANES
spectra from CrVI reacted magnetite in various backgrounds at high pH (near 9) and low
pH (near 4). B) % CrVI fraction in the sorption samples shown in Figure A. The fraction
of % CrVI was estimated using the CrVI standard curve in Figure 3.3.
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Figure 3.5. Effects of pH (4 and 9) and NaNO3 ionic strength on Cr surface speciation at
the magnetite-water interface. Low and high electrolyte concentration corresponds to
0.01 and 0.1 M for NaNO3, respectively. A). Pre-edge features of Cr K-edge XANES
spectra from CrVI reacted magnetite in various backgrounds at high pH (near 9) and low
pH (near 4). B). Data assessed by XANES pre-edge analysis shown in A.
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Figure 3.6. A). Pre-edge features of Cr K-edge XANES spectra from CrVI sorption kinetic
samples in 0.04 M Na2SO4 at pH 4.01 ± 0.10. B). Changes in Cr surface speciation at the
magnetite-water interface from data assessed by XANES pre-edge analysis shown in A.
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Figure 3.7. A). Pre-edge feature of Cr K-edge XANES spectra from CrVI sorption kinetics
experiment in 0.1 M NaNO3 at pH 4.01 ± 0.10. B). Changes in Cr speciation at
magnetite-water interface from data assessed by XANES pre-edge analysis shown in A.
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RESEARCH SUMMARY AND CONCLUSIONS

Technetium ranks among the top risk drivers at the SRS, and great efforts have
been made keep the 99Tc concentration well below the regulatory guidelines in the exit
waters of SRS. Studies conducted from 1986 – 1995 determined that the short-term risk
(~ 30 yrs.) of Tc is negligible, although it has been found at above background levels in
surface streams (Beals and Hayes, 1995) and ground water beneath a burial plume
(Oblath and Carlton, 1986). Currently, the main source term for Tc is considered to be
the seepage basins on site. Much of Tc in LLW has been stored in saltstone and glass on
site, and long-term stabilization is the major concern for exposure and risk to the
environment and population. For this reason, Tc saltstone remediation technology was
evaluated for its efficacy using Tc analogues, Cr and Re. The study consisted of 1)
analysis of oxidation front in field aged saltstone monoliths and 2) chromate kinetic
reduction studies on a model FeII bearing mineral in slag, magnetite.
In Ch 2, CrVI and ReVII spiked field aged saltstone monoliths were used to assess
1) the progression of oxidation front in the saltstone matrix and 2) effects of pore water
chemistry on the solubility of Cr and Re. It was found that, for Re, the saltstone reducing
capacity was not adequate, leaching nearly 100% of ReVII from the matrices. While Re
may not be a suitable redox analogue for Tc, it may be suitable for studying the transport
and chemical behavior of labile TcO4- in saltstone. However, Cr showed successful
reduction with only residual CrVI released. The low levels of CrVI leaching were not
indicative of progression of an oxidation front into the matrix at < 300 days of aging in an
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oxidizing environment. It should be noted that a small increase in the oxygen content of
leaching solutions resulted in higher CrVI leaching. In addition to the leaching tests, the
progression of an oxidation front was evaluated using synchrotron X-ray microprobe
analysis. The results were in agreement with the macroscopic analysis; Re was found to
be predominately present as the soluble, oxidized ReVII species and Cr was stabilized
through reduction and predominately present as CrIII. Additionally, residual (i.e.,
unreduced) CrVI was found entrapped in cement pores. The results of Cr and Re have
varying implications about the state of Tc stabilization in saltstone. The Cr results imply
that upon successful Tc reduction in saltstone there should be no clear oxidation front at
< 300 days.
In Ch 3, chromate sorption was studied in a model FeII bearing mineral,
magnetite, in saltstone using simulated saltstone pore water conditions. To better
understand Tc fixation processes and mechanisms in magnetite, batch sorption
experiments were coupled with X-ray absorption near edge structure spectroscopy
(XANES) analysis to determine Cr sorption mechanisms (e.g., changes in oxidation state)
at the magnetite-water interface. Chromate uptake by magnetite was impacted by pH,
ionic strength, solution composition, and passivation layer formation. Removal of CrVI
from solution was enhanced at acidic pH, inhibited at high sulfate concentration, and
relatively unaffected by changes in nitrate concentration. By pairing CrVI aqueous
removal and XANES spectra analyses, it was determined that CrVI was reduced on the
magnetite surface after removal under high pH and low ionic strength conditions, while at
acidic pH it had a greater tendency to be retained as CrVI. The formation of a passivation
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layer on magnetite was found to begin slowing CrVI reduction after 3 hrs of reaction time.
These experiments help to understand the possible redox reactions of Tc with the solid
phase FeII as an electron donor in saltstone, and suggest that some sorption, though
limited, can occur at alkaline pH conditions.
Overall, the results of this study showed the promising short-term future of the Tc
immobilization technology. However, solubility of a Tc analogue, Cr, could readily
increase with subtle changes in pore water chemistry (e.g., oxygen content). Moreover,
caustic and high electrolyte chemical conditions could potentially yield incomplete
reduction of TcVII to TcIV in cementitious waste forms (CWFs). The redox potential of
saltstone might not be sufficient to be properly immobilize Tc for the long-term storage
purpose. Understanding the spatial and temporal variability of Tc or its chemical
analogues in saltstone under field simulated conditions might be the key to ensure the
long-term stability of CWF Tc remediation technologies at U.S. DOE sites.
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